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ABSTRACT OF THESIS
Comparison of direct and indirect methods of estimating migration and dispersal routes

of the marbled salamander, Ambystoma opacum

Monitoring migration among natural populations is important because migration
is a crucial component contributing to the viability of populations, particularly for rare or
endangered species. Accurate estimates of migration are necessary to implement
conservation management plans; however, there is still little consensus on the best
method to estimate migration. Given that such measures of connectivity and dispersal are
essential for assessing the status of populations, accuracy should be at the forefront of
migration studies. The goal of this study was to determine the most accurate method for
estimating migration as well as dispersal routes.

Direct and indirect methods of estimating migration have been separately
implemented in migration studies; however, both types of methods pose limitations.
While the direct capture-mark-recapture method can better estimate migration, it is time
consuming and difficult to implement for many species. On the other hand, while
implementing indirect methods of estimating migration using genetic data and a variety
of programs is relatively simple and easy, they may not always be an accurate indicator
of migration. This study was aimed at determining the best method to monitor migration
within a metapopulation of marbled salamanders, Ambystoma opacum. Comparing direct
and indirect estimates of migration revealed that the measures are in fact not congruent.
We conclude that direct measures are more accurate estimates of the movement of

individuals, while indirect measures more accurately reflect gene flow.



In addition, migration estimates in conjunction with least-cost path analysis via
Geographical Information Systems are increasingly employed to determine dispersal
routes. Given that conservation management plans may refer to least-cost path dispersal
maps to implement dispersal corridors, determining which data will yield the most
biologically plausible habitat costs and therefore dispersal routes is crucial for
implementing effective corridors. We compared dispersal maps of marbled salamanders,
Ambystoma opacum, constructed on two sets of habitat costs derived from 1) field
estimates of migration and 2) genetic estimates of migration. We show that the two sets
of habitat costs predict different dispersal maps and that field data likely represent

biologically plausible habitat costs and therefore dispersal routes.
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GENERAL INTRODUCTION

Evolutionary processes, such as genetic drift and natural selection, occur
primarily within a population of a given species. However, species are rarely composed
of a single population. Rather, species are divided into many populations that have
reduced gene flow with other populations of the same species. Varying degrees of gene
flow between populations results in population structuring, where pairs or groups of
populations experiencing relatively greater gene flow are genetically more similar to one
another compared to other pairs or groups of populations with less gene flow (Wright
1951, 1969).

Metapopulations clearly exemplify population structuring (Wright 1940, Levins
1970). By definition, metapopulations are groups of populations, often termed
subpopulations, connected by varying degrees of gene flow, which results in population
structuring (Hanski and Gilpin 1991, Dobson 2003). The degree of gene flow between
subpopulations, and therefore structuring, can be a result of the spatial arrangement of the
subpopulations, other environmental factors, or a combination of the two. When spatial
arrangement of the subpopulations is the only factor affecting gene flow, subpopulations
genetically cluster according to their distance from other subpopulations (Kimura and
Weiss 1964, Slatkin 1987). Alternatively, environmental and anthropogenic barriers, such
as rivers or roads, can limit the amount of gene flow between subpopulations thereby
increasing genetic structure (e.g., Hitchings and Beebee 1997, Forman and Alexander

1998, Bekkevold et al. 2005, McRae et al. 2005).



In 1908, Godfrey Hardy and Wilhelm Weinberg independently published a model
for studying populations that laid the foundation for the field of population genetics: The
Hardy-Weinberg Model. According to this null model, allele and genotypic frequencies
within a population are expected to remain the same across generations if certain
assumptions are met. Such a population is said to exist in Hardy-Weinberg Equilibrium
(Hardy 1908, Weinberg 1908). The assumptions include random mating, no mutation, no
migration or gene flow, no natural selection, and no genetic drift. Structured populations
by definition violate assumptions of Hardy-Weinberg Equilibrium, especially random
mating. Thus, they experience changes in allele frequencies over time due to factors such
as drift or natural selection. Studying population structuring can therefore provide insight
into the expected dynamics of a population.

Sewell Wright (Wright 1931, 1943, 1951) introduced the F-statistics as a way to
quantify and characterize population structure. The F-statistics present a framework for
quantifying genetic variation at three hierarchical levels of population structure estimated
by measuring the loss of heterozygosity relative to an identical population with the same
allele frequencies in Hardy-Weinberg Equilibrium. They are Fs, Fst, and F1. Fs, also
known as the inbreeding coefficient, is a measure of the genetic variation within
subpopulations. Fgr, the fixation index, is the measure of the genetic variation among
subpopulations. Finally, Fir measures the reduction in individual populations’
heterozygosity relative to the metapopulation (Wright 1931, 1943, 1951; Holsinger and
Weir 2009). Reduced migration is expected to affect each of these parameters. First,
reduced migration between populations or individuals is expected to increase the level of

inbreeding, Fs (e.g., Cole and Biesboer 1992, Purrenhage et al. 2009). This is because,



with few migrants, individuals within a population are forced to interbreed. Second,
reduced migration is expected to increase the level of differentiation between
populations, Fsr, since the sharing of genes is reduced (e.g., Dobzhansky and Wright
1941, Cole and Bieshoer 1992, Preziosi and Fairbairn 1992, Keller and Largiadér 2003,
Epps et al. 2005, Purrenhage et al. 2009). Finally, the total genetic variation within the
metapopulations, Fr, is expected to increase with decreased migration since the
subpopulations will experience a high reduction of heterozygosity relative to the larger
metapopulation (e.g., Cole and Biesboer 1992).

Understanding how populations are structured by monitoring migration within
metapopulations is important because migration is a crucial component contributing to
the viability of subpopulations. Reduced migration leads to isolation and the loss of
genetic diversity due to genetic drift, inbreeding, and the lack of introduction of new
alleles from immigrants, which can negatively affect offspring survival and other factors
that help maintain a population (Wright 1951; Soulé 1980, 1986, 1987; Frankel and Soulé
1981; Gilpin and Soulé 1986; Frankham 1995). In addition, reduced genetic variability
further impedes populations’ ability to adapt to future environmental changes (Spielman
et al. 2004), and results in decreased re-colonization and therefore increased extinction of
subpopulations within the metapopulation (Levins 1969). In contrast, migration promotes
gene flow, which helps maintain high levels of genetic diversity within subpopulations.
As evidence of the importance of gene flow, renewed gene flow has been shown to
restore heterozygosity and counteract the negative effects of isolation, a process known

as “genetic rescue” (Thrall et al. 1998, Westemeier et al. 1998, Madsen et al. 1999,



Richards 2000, Ingvarsson 2001, Tallmon et al. 2004). Furthermore, Rieseberg and Burke
(2001) argue that dispersal allows for the spread of selectively advantageous alleles.
Recent anthropogenic activities have fragmented many species into small
populations and affected the rates of gene flow among the fragmented populations. There
are countless examples of fragmented habitats as a result of roads, urbanization, and
clearcutting (e.g., Tabarelli et al. 1999, Gibb and Hochuli 2002, Keller and Largiader
2003, Epps et al. 2005). For example, Keller and Largiader (2003) showed that habitat
fragmentation caused by the presence of major roads was responsible for reduced gene
flow in fragmented populations of flightless ground beetle, Carabus violaceus. Similarly,
habitat fragmentation as a result of the construction of highways has been shown to
reduce gene flow of fragmented populations of desert bighorn sheep, Ovis canadensis
nelsoni, in southern California (Epps et al. 2005). Understanding the effects of this
habitat fragmentation on gene flow is important for the long term survival and
management of many species, as such reduced gene flow has been shown to reduce
genetic variability as previously discussed. Therefore, being able to continually and
accurately monitor migration would provide an up to date assessment of the viability of
the populations, particularly for rare or endangered species, in order to implement any
necessary conservation management plans. However, continually monitoring migration
through observational studies is generally not practical. Instead, estimating migration

over time has proven to be more a feasible method.



Direct vs. Indirect Measures of Migration

There are two methods used to estimate migration among subpopulations: direct
and indirect methods. Direct methods include capture-mark-recapture (CMR) techniques,
which track individual movements between subpopulations (e.g., Seber 1962, 1965,
1973; Jolly 1965, 1979; Mallet 1985; Schilthuizen and Lombaerts 1994; Pollock et al.
2002; Bailey et al. 2004; Church et al. 2007), and assignment tests, which use genotype
information of parental and offspring samples to assign individuals to their parents and
subpopulations of origin, which can then be used to estimate dispersal (e.g., Telfer et al.
2003, Waser et al. 2006, Cullingham et al. 2008). Indirect methods use measures of
genetic divergence among subpopulations to infer migration (e.g., Austin et al. 2004,
Randall and Pollinger 2010, Scascitelli et al. 2010). For the most part, studies aimed at
estimating migration between populations have focused solely on either CMR data or
genetic measures of dispersal; however, both pose limitations.

While, the CMR method can better estimate migration, it is time consuming and
difficult to implement for many species. This method requires capturing many
individuals, marking them, and recapturing them several times. As such, these studies
often span many years, and are only feasible for long-lived organisms (e.g., Mallet 1985,
Schilthuizen and Lombaerts 1994, Church et al. 2007). In addition, such methods may
not accurately reflect rare events such as dramatic gene flow following climatic
disturbances or shifts (Whitlock and McCauley 1999). This is because CMR studies
describe migration within a snapshot in time, specifically the time span of the study.
Furthermore, this method of estimating migration may not accurately reflect gene flow

because migrants may not be contributing to the population’s gene pool, since not all



migrants will be successful breeders (Whitlock and McCauley 1999). Parentage
assignment analyses are also sampling intensive since they require that most if not all of
the potential parents be sampled, which is not feasible for most large populations
(Cullingham et al. 2008).

On the other hand, genetic data are relatively easy to gather and use in subsequent
estimates of migration. The standard measure of divergence among subpopulations is Fsr,
where values close to 1 indicate significant genetic structuring and values close to 0
indicate little or no structuring (Wright 1931, 1943, 1951). According to Wright’s (1943)
island model, the amount of divergence among subpopulations is approximately:

1
Fop =77
(4Nm +1)

at equilibrium for reasonably small values of m (proportion of migrants) (Dobzhansky

and Wright 1941). Rearranging the above equation yields:

_(-Fy)
4F;

Nm

where Nm, the number of migrants per generation, is the product of the effective
population size (N¢) and the fraction of individuals that are migrants (m). This equation
has readily been used to estimate migration (e.g., Hudson et al. 1992, Husband and
Barrett 1995). However, in actuality there is no universally accepted theory to translate
genetic differentiation into migration rates (Whitlock and McCauley 1999, Waples and
Gaggiotti 2006). Measures of Fsr, and variants of this measure of genetic variance among
populations, are not robust and cannot be accurately translated into an estimate of Nm
successfully entering a population per generation, and therefore m, the migration rate

(Whitlock and McCauley 1999). This is due to the fact that the mathematical model



underlying this translation rests on assumptions that real populations usually violate
(Whitlock and McCauley 1999). First, the model assumes that the subpopulations have
reached equilibrium. Second, it assumes that migration rates are symmetrical.
Furthermore, it assumes that the subpopulations are of equal size (Wright 1951, Whitlock
and McCauley 1999).

Furthermore, genetic indices of connectivity and dispersal provide little
information on demographic connectivity as well as the underlying evolutionary
mechanisms that maintain dispersal in natural populations (Johnson and Gaines 1990,
Dieckmann et al. 1998). Still, such measures of dispersal are predominant in the literature
and have perhaps led to misconstrued notions of what these estimates actually tell us. For
example, the dominance of this method to estimate migration may have led to the
increasing misinterpretation that this method estimates migration, when in fact it
estimates gene flow (Lowe and Allendorf in review). However, because genetic methods
are easier and less time consuming, studies have shied away from other methods for
measuring connectivity. Studies have also overlooked the possible power in combining
indirect and direct analyses to more accurately assess the state of natural populations
(Lowe and Allendorf in review). Given that such measures of connectivity and dispersal
are essential for assessing the status of subpopulations and metapopulations as a whole,
accuracy should be at the forefront of studies.

It follows that there is clearly a need to obtain and compare CMR estimates of
demographic connectivity and genetic connectivity for various study systems. If the two
estimates are congruent, it would strengthen our confidence in the interpretation of Fst

and the associated estimates of gene flow. On the other hand, if the estimates differ



substantially, it would force us to reevaluate genetic methods of migration estimation.
More importantly, such comparisons might provide a means of reconciling the genetic
and field estimates, which can then be used to more accurately and easily measure

migration.

Least-cost Path Analysis

Since dispersal is a crucial component of metapopulation dynamics, in addition to
simply estimating dispersal rates, many studies use Geographical Information Systems
(GIS), specifically least-cost path analysis, to determine dispersal routes between
populations (e.g., Larkin et al. 2004, Haines et al. 2006, LaRue and Nielsen 2008). Least-
cost path analysis, instead of geographic distance, is increasingly employed to explain
genetic structure, as many studies have shown that some form of least-cost path distance
is a more accurate model for fitting patterns of genetic structure (Michels et al. 2001,
Coulon et al. 2004, Stevens et al. 2006). In this method, relative costs are assigned to the
various habitats and other landscape features likely to affect dispersal of the organism.
The path between two points that minimizes the total cumulative cost of moving between
those points is determined as the least-cost path.

However, most studies use observational data and a priori expectations to
measure cost, which is often not accurate since species may not follow anthropologic
assumptions of habitat quality (Cushman et al. 2006, Driezen et al. 2007). Therefore,
some studies have relied on genetic estimates of gene flow to help assign relative costs of
the habitat types and determine the most biologically plausible dispersal routes (e.qg.,

Epps et al. 2007, Wang et al. 2009). Being able to accurately determine dispersal routes is



critical because such dispersal maps may be used to designate dispersal corridors in

conservation management plans.

Purpose

Amphibians are one group of organisms that would greatly benefit from accurate
estimates of migration and dispersal routes between populations in a variety of species.
The worldwide decline of amphibian populations has been widely documented (Barinaga
1990, Wake 1991, Stebbins and Cohen 1995, Collins and Storfer 2003). Many studies
suggest that these declines are precipitated by the destruction, alteration, and
fragmentation of amphibian habitats (Petranka et al. 1993, Delis et al. 1996, VVos and
Chardon 1998).

In addition, amphibian declines have been of great concern in part because
amphibians are thought to be indicator species of environmental health (Burkhart et al.
2000, Collins and Storfer 2003). Leuven et al. (1986) demonstrated that low water pH
negatively affects amphibian reproduction. As early as 1974, Likens and Bormann
showed that the United States was witnessing increased acidic precipitation due to human
activities such as the burning of natural gas. While acid rain has been shown to be
declining in the United States (Lynch et al. 2000), there could still be long term effects on
the environment including amphibian populations. Therefore, studies aimed at better
understanding population structure and migration among amphibian populations have
conservation implications not only for the declining populations, but also for assessing

environmental health.



One such amphibian species is the marbled salamander, Ambystoma opacum. The
marbled salamander is listed as threatened or endangered in several states in the United
States (Croshaw et al. 2005). Specifically, it is listed as threatened in Massachusetts and
Michigan, and endangered in New Hampshire. Their increasing decline around the Great
Lakes has been attributed mostly to declining habitat (Hecnar 2004). Loss of quality
habitat may prevent or decrease migration among the remaining populations as well as
the colonization of novel populations. Thus, understanding how populations are
interconnected via migration is vital to conservation and restoration efforts.

This study is aimed at determining the efficacy of a genetic-based method to
quantify and monitor migration within a metapopulation of marbled salamanders. CMR
estimates of migration were compared to estimates derived from genetic data using a
variety of methods. Furthermore, least-cost path analysis was used to determine likely
dispersal routes of marbled salamander between the ponds in the metapopulation. This
study utilized direct estimates of migration via the CMR study as well as indirect
estimates via genetic data to independently infer relative costs of dispersal through
different habitat types in order to determine dispersal routes. The two dispersal maps built
on each set of relative costs were then compared to assess any differences between direct

and indirect methods of estimating habitat costs and associated dispersal routes.

Ambystoma opacum
The marbled salamander, Ambystoma opacum, is a mole salamander that has a
black ground body overlain by white or gray crossbands on the dorsum. This salamander

is found in eastern North America, ranging as far north as New Hampshire, and as far
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south as northern Florida. Westward, it can be found in central Illinois, Michigan,
Missouri, Oklahoma, and eastern Texas (Petranka 1998; see Appendix A Figure 1.1).
Like most other amphibian species, A. opacum live in highly structured metapopulations
consisting of genetically isolated subpopulations (Pope et al. 2000, Marsh and Trenham
2001). This is due in part to their limited dispersal as a result of strict moisture
requirements (Larson 1984, Larson et al. 1984). Their habitat consists of deciduous forest
as well as vernal ponds necessary for breeding. These breeding ponds constitute a
network of subpopulations, and are collectively referred to as a metapopulation.

The marbled salamander is unique within the genus in its reproductive behavior.
Unlike most Ambystoma species, marbled salamanders breed and oviposit on land,
specifically, in dry vernal ponds. Individuals begin migrating to ponds in late summer,
early autumn (Petranka 1998). Breeding occurs in autumn but varies depending on
latitude; northern populations breed earlier than southern populations (Anderson and
Williamson 1973, Petranka 1998). Following courtship on land, and internal fertilization,
the eggs are deposited in nests that the females construct under cover in dried beds of
vernal ponds (Noble and Brady 1933). Clutch sizes as well as nest site selection have
been shown to vary geographically (e.g., King 1939, Petranka and Petranka 1981,
Petranka 1990). Most females brood the nests until the nests become flooded, which also
varies geographically (e.g., Kaplan and Crump 1978, Petranka and Petranka 1981,
Jackson et al. 1989, Petranka 1990). Studies suggest that brooding enhances offspring
survival (Petranka and Petranka 1981, Jackson et al. 1989). Once flooded, the eggs hatch
(King 1935, Kaplan and Crump 1978), triggered by hypoxia, a reduction in dissolved

oxygen (Petranka et al. 1982). The larvae grow rapidly throughout the winter and spring
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months as temperatures increase, feeding on zooplankton and even smaller conspecific
and heterospecific salamander larvae. Larvae have been shown to be quite aggressive, a
behavior that varies largely with food level, size of interacting individuals, and kinship
(Wallas and Roudebush 1991, Wallas and Blaustein 1995, Petranka 1998). Growth and
survival of the larvae are highly dependent on density and hydroperiod of the pond, and it
has been shown that most individuals die before metamorphosis (Stenhouse 1985b,
Petranka 1989, 1998). Timing of metamorphosis also varies geographically, northern
populations undergoing metamorphosis later (May to June) compared to southern
populations (March to April) (Bishop 1941, Trauth et al. 1989, Petranka 1998).
Following metamorphosis, the juveniles retreat to the upland forests. When adults reach
1-5 years old, they return to the ponds to breed for the first time and will continue to do
so in following years (Petranka 1998).

Very little is known about the terrestrial life of marbled salamanders. Juveniles
and adults are fossorial, and live beneath litter and debris (Pike 1886). They are rarely
active on the ground surface. They prey on small invertebrates such as crustaceans,
snails, earthworms, slugs, beetles, and ants. They are prey to a host of animals including
snakes, owls, raccoons, skunks, and weasels. Adults secrete a distasteful milky substance
in their tail, which provides some degree of protection against predation (Petranka 1998).

While little is known about their adult life on land, available movement data
indicate that they are quite active and exhibit complex recognition movements. Like other
adult salamanders, they may migrate greater than 1 kilometer away from the breeding

ponds (Williams 1973, Dodd 1996). Mean distance traveled has been estimated to be 164
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meters (Semlitsch 1998). In addition, it has been shown that adults tend to exit a breeding

pond very close to their point of entry (Shoop and Doty 1972, Stenhouse 1985a).

Maple Flats Sinkhole Pond Complex

The focal populations of this study are located in the Maple Flats Sinkhole Pond
Complex at the base of the Blue Ridge Mountains in the Shenandoah Valley of Augusta
County, Virginia within the George Washington and Jefferson National Forest, USA.
Maple Flats Pond Complex is one of three pond complexes collectively known as
Shenandoah Valley Sinkhole Pond System located within the larger Big Levels Region
(Buhlmann et al. 1999). Forests within Big Levels Region are comprised mostly of
hardwoods including oak (Quercus spp.), hickory (Carya spp.), pitch pine (Pinus rigida),
black gum (Nyssa sylvatica), and tulip-poplar (Liriodendron tulipifera) (Swartz and
Kocka 1999). Big Levels comprises a widely diverse and unique plant and animal fauna
due in part to the complex climate (Klopfer 1999), and unique pond systems (Buhlmann
et al. 1999), which provide a variety of habitats for a wide range of organisms.

Situated within the Big Levels Region, the Shenandoah Valley Sinkhole Pond
System is comprised of three unique pond complexes, Loves Run, Maple Flats, and
Sherando, consisting of vernal ponds (Buhlmann et al. 1999; see Appendix B Figure 1.2).
The complex geology has formed sinkholes with impermeable layers, which allows them
to retain water (Hack 1965, Kochel 1987, Duffy 1991, Kochel 1992, Whittecar and Duffy
1992). The vernal ponds are an estimated 15,000 years old (Craig 1969). Variations in the

pond hydroperiods has led to unique species assemblages and significant biodiversity
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within the pond systems making this area a biologically important environment
(Buhlmann et al. 1999, Mitchell and Buhlmann 1999).

Maple Flats Sinkhole Pond Complex consists of about 24 naturally occurring
sinkhole ponds that serve as breeding and nesting grounds for many amphibian species,
including marbled (Ambystoma opacum), tiger (Ambystoma tigrinum), and spotted
(Ambystoma maculatum) salamanders. Within this complex several areas around the
ponds were clearcut in 1980 for timber harvesting and are now predominately white pine
(Pinus strobes) (Buhlmann et al. 1999). Even 19 years after clearcutting, stem size and
abundance of trees were significantly different between clearcut and mature forest
(Wilbur and Church personal comm.). From years 1999-2003, an extensive CMR study
was conducted for three Ambystoma species, including marbled salamanders, at three
ponds within Maple Flats Sinkhole Pond Complex (D. Church unpublished data). The
study demonstrated that 20 years post-clearcutting, the regenerating forests continue to
negatively affect the demography of the salamanders. Specifically, clearcuts were shown
to negatively affect female breeding probabilities at two of the three ponds. Moreover,
salamanders tended to move from clearcut to forests. Due to the habitat alteration within
this metapopulation, accurately measuring migration would provide the necessary data

for implementing appropriate management plans within Maple Flats.
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CHAPTER 1: COMPARISION OF DIRECT AND INDIRECT ESTIMATES OF
MIGRATION OF THE MARBLED SALAMANDER, AMBYSTOMA OPACUM,

REVEALS MEASURES ARE NOT CONGRUENT

Abstract Monitoring migration within a metapopulation is important because migration is
a crucial component contributing to the viability of subpopulations. This is in part
because migration promotes gene flow, which helps maintain high levels of genetic
diversity within populations. Direct and indirect methods of estimating migration have
both been used in published migration studies; however, both types of methods pose
limitations. While the direct capture-mark-recapture method can better estimate
migration, it is laborious and intractable for many species. On the other hand, while
implementing indirect methods of estimating migration using genetic data and a variety
of programs is relatively simple and easy, they may not always be an accurate indicator
of the actual movement of individuals. To our knowledge, no study has used both direct
and indirect methods to estimate migration for the same study system; therefore, there is
a need to do so in order to quantitatively compare these methods. This study was aimed at
determining the best method to monitor migration within a metapopulation of marbled
salamanders, Ambystoma opacum. Comparing indirect and direct estimates of migration

revealed that the measures are in fact not congruent.

Introduction

There are two widely accepted methods for estimating migration. Direct methods

include capture-mark-recapture (CMR) studies and assignment tests, while indirect
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methods use genetic data on population structure to infer migration. For the most part,
studies aimed at measuring migration have focused on either direct or indirect methods;
however, each method has its drawbacks.

Direct estimates include assignment tests, which use genotype information of
offspring and potential parents to assign individuals to their subpopulations or parents of
origin (e.g., Cullingham et al. 2008). The more widely used direct method is the CMR
method, which tracks individual movements between subpopulations (e.g., Jolly 1965,
1979; Seber 1962, 1965, 1973; Mallet 1985; Schilthuozen and Lombaerts 1994; Pollock
et al. 2002; Bailey et al. 2004; Church et al. 2007). While this method can accurately
estimate migration, it is time consuming and difficult to implement for many species.
This method requires the capturing of individuals, marking them, and recapturing them
several times. As such, these studies often span many years (e.g., Mallet 1985,
Schilthuozen and Lombaerts 1994, Church et al. 2007).

Indirect methods use measures of genetic divergence among subpopulations to
estimate gene flow and infer migration (e.g., Slatkin 1985, 1987; Austin et al. 2004;
Randall and Pollinger 2010; Scascitelli et al. 2010). There are several indirect methods of
estimating migration, each of which has its limitations. The classic method for estimating
migration rate is derived from the Fsrequation (Dobzhansky and Wright 1941, Wright
1951). Fsr, also known as the fixation index, is a measure of the genetic variation among
subpopulations (Wright 1931, 1943, 1951; Holsinger and Weir 2009). According to
Wright’s (1943) island model, the amount of divergence among subpopulations is
approximately

1
Fop =77
(4Nm +1)
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at equilibrium for reasonably small values of m (proportion of migrants) (Dobzhansky

and Wright 1941). Rearranging the above equation yields:

_(-Fy)
4Fg;

Nm

where Nm (the number of migrants per generation) is the product of the effective
population (N) size and the fraction of individuals that are migrants (m). Many early
studies used this method to estimate migration (e.g., Hudson et al. 1992, Husband and
Barrett 1995, Forbes and Boyd 1997). However, the mathematical model underlying this
equation rests on assumptions that real populations usually violate, including equally
sized subpopulations, an infinite number of subpopulations, and symmetric migration
rates (Whitlock and McCauley 1999).

The program MIGRATE-N (Beerli and Felsenstein 1999) was developed to more
accurately estimate migration. Many studies have used this program to indirectly estimate
migration between populations (e.g., Austin et al. 2004, Anderson et al. 2009, Randall
and Pollinger 2010, Scascitelli et al. 2010). MIGRATE-N uses a maximum-likelihood or
Bayesian framework based on coalescence theory, assuming a migration matrix model
with asymmetric migration rates and different subpopulation sizes, to estimate average
long-term migration. However, it has been shown through simulations that this program
does poorly at estimating migration rates and the confidence intervals associated with
them (Abdo et al. 2004). Specifically, Abdo et al. (2004) showed that MIGRATE-N tends
to underestimate migration rates and occasionally overestimates them. This may be
because there is no simple criterion for judging when the program has converged (Beerli

and Felsenstein 2001). Furthermore, this program estimates the average long-term
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migration between populations. As such, it is not a useful method for assessing the
current migration within a metapopulation.

The program BAYESASS (Wilson and Rannala 2003) has since been developed to
estimate more recent migration. It uses Bayesian methods and Markov chain Monte Carlo
resampling to estimate asymmetric rates of gene flow between populations. While it
assumes linkage disequilibrium, it allows for deviations from Hardy-Weinberg
equilibrium. It assumes, however, that migration rates are small and constant over the last
two generations (Wilson and Rannala 2003, Faubet et al. 2007). BAYESASS also assumes
that all populations exchanging migrants have been sampled (Wilson and Rannala 2003).
Simulations have shown that a crucial limitation of this program is that if these
assumptions are violated, the program fails to accurately estimate migration if Fst <0.10
and m > 0.01. Furthermore, even if the assumptions are met, the program can still only
provide fairly accurate estimates of migration, even if they are high (about 0.10), if Fst <
0.05 (Wilson and Rannala 2003, Faubet et al. 2007). Several studies have been unable to
use BAYESASS to estimate migration due to the data being uninformative presumably as a
result of these restrictions (e.g., Wang et al. 2009, Randall and Pollinger 2010).

This study is aimed at determining the best method to assess population structure
and estimate migration occurring within a metapopulation of marbled salamanders,
Ambystoma opacum. This will be done by comparing genetic data with data from a field
intensive CMR study. If genetic and field estimates are congruent, it would strengthen
our confidence in the interpretation of Fst and the associated estimates of migration. On

the other hand, if the estimates are in fact not congruent, it would further force us to
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reevaluate genetic methods of migration estimates and search for alternative indirect

methods that produce more congruent methods.

Materials and Methods
Study System

Marbled salamanders, Ambystoma opacum, occur throughout much of eastern
North America, from southern New England to northern Florida, and west to parts of
Texas (Petranka 1998). Like most amphibian species, they live in structured
metapopulations (Pope et al. 2000, Marsh and Trenham 2001). This is due in part to their
limited dispersal as a result of their strict moisture requirements (Larson 1984, Larson et
al. 1984). In addition, they are listed as threatened or endangered in several states
(Croshaw et al. 2005). Thus, understanding how populations are interconnected is vital to
their successful future.

The marbled salamander is unique within the genus in its reproductive behavior.
Unlike most Ambystoma species, marbled salamanders breed and oviposit on land.
Breeding occurs in autumn and varies in time depending on latitude (Anderson and
Williamson 1973, Petranka 1998). At our study site, adults breed explosively from late
August through September (D. Church personal observation). Following courtship on
land, and internal fertilization, the eggs are deposited in nests that the females construct
under cover in dried or partially dried beds of vernal ponds (Noble and Brady 1933).
Most females brood the nests until the nests become flooded (Petranka 1998). Once
flooded, the eggs hatch (King 1935, Kaplan and Crump 1978). The larvae grow rapidly

throughout the winter and spring months, feeding on zooplankton and even smaller
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conspecific and heterospecific salamander larvae. Timing of metamorphosis varies
geographically with northern and central populations, including our focal populations,
undergoing metamorphosis from May to June (Petranka 1998). Following
metamorphosis, the juveniles retreat to the upland forests. When adults reach 1-5 years
old, they return to the ponds to breed (Petranka 1998).

Very little is known about their terrestrial ecology. Juveniles and adults live
beneath litter and debris, and are rarely active on the ground surface. Like other adult
salamanders, they may migrate greater than 1 kilometer away from the breeding ponds
(Williams 1973, Dodd 1996).

The populations examined in this study reside within the Blue Ridge province of
the Appalachian Mountains in Virginia. The Maple Flats Sinkhole Pond Complex
contains approximately 24 ponds in an isolated area of Augusta County, and is home to a
metapopulation of marbled salamanders. In years 1999-2003, CMR estimates of
migration between three subpopulations were measured (D. Church unpublished data).
Specifically, movement probabilities were calculated using the program MARK (White
and Burnham 1999). The three focal ponds of the study included, Oak Pond, Deep Pond,
and Pond Two (see Appendix C Figure 1.1). These ponds were selected for several
reasons. First, the ponds are approximately equidistant from one another, thus reducing
any potential distance effects. In addition, each pond has a unique hydrology making it an
interestingly complex study system (Buhlmann et al. 1999). Finally, since the CMR study
sought to examine the effects of clearcuts on demographic parameters, including survival,
breeding probabilities, and migration, these ponds were ideal because each pond had a

clearcut in its vicinity.
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Sampling and DNA Isolation

At the time of the CMR study tissue samples, which consisted of toe clippings,
were taken from individuals who entered the focal ponds for breeding, and stored in 95%
ethanol. In addition, in May 2009, tail clip tissue samples were collected from two other
ponds via dipnetting for larvae. These ponds were chosen based on their distance from
the three focal ponds as well as the availability of larvae (see Appendix C Figure 1.1).
The three ponds used in the CMR study are considered the focal ponds and were the basis
for the comparisons of migration estimates between field and genetic data. They were
Oak Pond (n=50), Deep Pond (n=50), and Pond Two (n=50) (see Appendix C Figure
1.1). Subsequent sampling in 2009 included Mystery Pond (n=8), and Pond Nine (n=33)
(see Appendix C Figure 1.1). Genomic DNA was extracted using Qiagen’s DNeasy
Tissue Extraction Kit according to the manufacturer’s protocol (Qiagen Inc., Valencia,

California, USA). Extractions were verified using a 2% agarose gel.

Microsatellite Genotyping

Nine variable microsatellite loci (Croshaw et al. 2005; see Appendix E Table 1.1)
were amplified for all individuals. Primers were diluted to 20uM and tested on several
individuals from each pond. Amplification of Aop2, Aop6, Aop7, Aop31, Aop37,
AjeD23, and AmaD328 consisted of the PCR program outlined by Purrenhage et al.
(2009) with varying annealing temperatures for each primer pair (see Appendix E Table
1.1). Amplification of AjeD162 and AjeD422 consisted of a step-down program
(Rahman et al. 2000). Samples were run on a MJ (PTC-200) Thermocycler. A subset of

successful amplicons was sent for sequence analysis (SeqWright, Inc., Houston, Texas,
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USA) to verify that the amplicons contained the correct repeat region. Once we verified
that the correct repeat region was amplified, forward primers for the loci were labeled
with WellRED fluorescent labels (D4, D3, D2; IDTdna, Inc, USA) for visualization, with
the exception of AjeD23 for which the reverse primer was labeled. Loci were amplified
individually and multiplexed for fragment visualization. Samples were prepared for
fragment visualization according to the Beckman Coulter protocol, and analyzed on a
Beckman Coulter CEQ 8000 (Beckman Coulter, Fullerton, California, USA) at The
George Washington University (Washington, D.C., USA). Fragments were sized with
600 base pair DNA size standard and analyzed with the FRAG-4 analysis method. Results
were visualized on the Beckman Coulter CEQ Analysis System Software (Beckman
Coulter, Inc., USA). Peak sizes, representing allele sizes, were manually recorded. Peaks
with the largest reflective fluorescent unit (RFU), corresponding to estimated PCR band
lengths characterized by gel electrophoresis, were identified as target alleles. No more
than two fragments were recorded, since diploid organisms cannot have more than two
alleles for a given loci. Scored peaks, or alleles, were then binned according to the
expected repeat size.

We cloned approximately 6 samples for each locus spanning all populations and
haphazardly chosen to cover a range of alleles. This allowed us to verify that the various
allele sizes represented variations within the microsatellite repeat region and not another
type of substitution within the flanking regions. We used Qiagen’s Cloning Kit according
to the manufacturer’s protocol. Clones were sequenced on an ABI3300 Sequencer by
SeqWright (TX). Sequencher was used to manually align and visually examine the clone

sequences in order to verify the allele lengths obtained via fragment analysis. In total, 456
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clones were sequenced and all allele size variations corresponded to microsatellite repeat

differences.

Genetic Analysis

We used MICRO-CHECKER 2.2.3 (Van Oosterhout et al. 2004) to identify the
presence of scoring errors, large allele drop out, and null alleles. Aop7 and AjeD422
tested positive for null alleles; therefore, these loci were adjusted using the method
outlined by Brookfield 2 (1996). This method of adjustment treats missing data as null
homozygotes, which was ideal for our data because missing data were few and not
consistent across loci for one particular individual. Adjusted genotypes are randomly
assigned to individuals within a population and does not allow for subsequent multilocus
analysis. Therefore, multilocus analyses were performed on the 7 loci that did not exhibit
null alleles.

Allele frequencies were calculated using MIGRATE-N 3.0.3 (Beerli and Felsenstein
1999, 2001). Observed and expected heterozygosity within the ponds and within loci as
well as the presence of private alleles were measured using Genetic Data Analysis (GDA)
1.0 (Lewis and Zaykin 2001). We calculated pairwise Fsr among ponds using GENEPOP
on the Web (Raymond and Rousset 1995, Rousset 2008). An overall Fsr estimate was

obtained in GDA (Lewis and Zaykin 2001).
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Indirect estimates of migration
We estimated migration using three indirect methods for comparison. First, we
estimated Nm (the number of migrants successfully entering a population per generation)

using the equation:

4= Fer)
4F;

derived from the Fstequation (Dobzhansky and Wright 1941, Wright 1951), where Nm is
the product of effective population (N.) size and the fraction of individuals that are
migrants (m). Pairwise estimates of Nm were calculated using pairwise Fsrestimates
obtained in GENEPOP (Raymond and Rousset 1995). Second, MIGRATE-N 3.0.3 (Beerli and

Felsenstein 1999, 2001) was used to calculate average long-term migration between the

subpopulations. The output parameters of this program include theta (®) and M. Theta is
equal to 4 N p (for diploid organisms), or 4 times the product of the effective population
size (Ne) and the mutation rate per site per generation (u). M is equal to the immigration

rate (m) divided by the mutation rate (u). Since ® M= 4Nm, we were able to calculate the

number of effective migrants per generation (Nm) using the following equation:

_em

Nm .
4

We used the Maximum Likelihood framework and Brownian motion model, without
discarding missing data. Additionally, we allowed migration rates and theta to vary, and

M to be symmetric. Ten short chains were run with 5 million iterations each, discarding

30,000 as burn-in, sampling the chains every 100 increments. Three long chains were run

with 500,000 iterations each, discarding 30,000 as burn-in, sampling the chains every 100

38



increments. Finally, we calculated average recent migration between the ponds using
BAYESASs 1.2 (Wilson and Rannala 2003). Specifically, this program estimates the
proportion of individuals in a given population that are migrants from a source
population. In this study, the source populations consisted of the focal ponds. It also
estimates non-migration, the proportions of individuals derived from the source
populations each generation. For comparison, it calculates confidence intervals that
would be returned if the data are uninformative. We ran three independent runs with 6
million generations each, discarding 2 million as burn-in, sampling the chain every 2000
generations, using the default parameters (delta= 0.15), and averaged across runs. We
compared the mean and confidence intervals obtained from our data to the mean and

confidence intervals if the data were uninformative.

Direct estimates of migration

Direct estimates of migration between the three focal ponds were calculated using
field data in a previous CMR study (D. Church unpublished data). These estimates
represent migration across the four years of the study, not within years. The CMR study
differentially calculated movement probabilities between local and landscape habitat
types, breeder and non-breeders, and males and females for each pair of focal ponds.
Because we were interested in the migration of all individuals between the focal ponds,
we averaged across all of the aforementioned categories between each pair of focal

ponds.
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Comparative and Metapopulation Analysis

We first performed the indirect migration analyses for the three focal ponds (Oak
Pond, Deep Pond, and Pond Two) in order to compare these estimates of migration to the
field data estimates. We then calculated the average recent migration between the three
focal ponds and the additional two ponds for a total of five ponds using only BAYESASS
1.2 for an analysis of migration of a larger subset of the metapopulation. These results
were interpreted in light of the comparative analysis conducted on the three focal ponds.
Due to convergence problems, we ran 10 independent runs with 12 million generations
each, discarding 4 million as burn-in, sampling the chain every 2000 generations, using
the default parameters (delta= 0.15), and compared the results, as suggested by Faubet et
al. (2007). Of the ten runs, five runs showed consistent results with narrower confidence
intervals compared to the other runs. We therefore accepted these results and averaged

across these 5 runs.

Results
Genetic Analysis

All nine microsatellite loci were variable (see Appendices E and H, Tables 1.1
and 1.4). While Aop6 only had 3 alleles, we chose to include it in the analyses because
one allele was unique for Oak Pond. We therefore concluded that despite it being less
variable than the other loci, it could be informative. As we would expect, adjusting the
loci that exhibited null alleles resulted in observed heterozygosity that more closely

matched expected heterozygosity (see Appendices E and F, Tables 1.1 and 1.2). While
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most of the alleles were represented in all ponds, 4 ponds exhibited private alleles (Oak
Pond=4; Deep Pond= 6; Pond Two=3; Pond Nine= 2).

Pairwise estimates of Fst revealed varying degrees of genetic differentiation
between the three focal ponds. Fst between Oak Pond and Deep Pond was 0 indicating no
differentiation. Fst estimates between Pond Two and each of the other two ponds reveal
that Pond Two and Oak Pond are more genetically differentiated (Fsr= 0.0029)
compared to Pond Two and Deep Pond (Fst= 0.0011). The overall estimate of Fsr was

low (0.0093), indicating little genetic differentiation among the three ponds.

Indirect estimates of migration

Pairwise estimates of Nm (number of migrants per generation) were estimated
using the Fst equation (see Appendix D Figure 1.2a). We were unable to estimate Nm
between Oak Pond and Deep Pond as there was no genetic differentiation between them
(Fst = 0). Nm was greater between Pond Two and Deep Pond compared to Pond Two and
Oak Pond. We next used MIGRATE-N 3.0.3 to calculate average long-term migration
between the ponds (see Appendix D Figure 1.2b). Estimates of Nm obtained from this
program reveal significantly low migration between the focal populations. Emigration
from Oak Pond to either Deep Pond or Pond Two was greater than the other migration in
the system (0.09 and 0.08, respectively). Finally, we used BAYESASs 1.2 to calculate
average recent migration (see Appendix D Figure 1.2c). Our means were different and
confidence intervals narrower than those calculated from uninformative data, suggesting
that our data contained enough information to estimate migration. Mean migration (mean

confidence intervals) between Oak Pond, Deep Pond, and Pond Two was 0.1195 (0.0563,
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0.211) while the mean non-migration (mean confidence interval) was 0.761 (0.699,
0.822). Estimates of migration were overall asymmetric (see Appendix D Figure 1.2c).
Emigration from Pond Two to either Oak Pond or Deep Pond were greater (0.26 and
0.25, respectively) than the immigration into Pond Two from either Oak Pond or Deep
Pond (0.04 and 0.05, respectively). Migration between Oak Pond and Deep Pond were
more closely symmetric (0.06, 0.07). Furthermore, a large proportion of individuals
sampled from Pond Two had Pond Two ancestry (0.91), while individuals from Oak

Pond and Deep Pond were more likely to be of admixed ancestry (both= 0.69).

Direct estimates of migration

CMR estimates of migration between the three focal ponds were overall
symmetric (see Appendix D Figure 1.2d). While emigration from Pond Two was greater
(m =0.06 to either Oak Pond or Deep Pond) than immigration into Pond Two (m = 0.05
from Deep Pond, 0.01 from Oak Pond), the difference was minimal. Furthermore,
migration between Oak Pond and Deep Pond was slightly asymmetric with greater
movement into Oak Pond from Deep Pond (m = 0.04) compared to the movement into
Deep Pond from Oak Pond (m = 0.01). Overall, the lowest migration was of individuals

leaving Oak Pond, while Pond Two had the lowest non-migration.

Metapopulation Analysis
BAYESASS 1.2 was used to calculate average recent migration between the three
focal ponds and two additional ponds (see Appendix G Table 1.3). Again, our means

were different and confidence intervals narrower than those calculated from
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uninformative data, suggesting that our data contained enough information to estimate
migration. Mean migration (mean confidence intervals) between the five ponds was
0.064 (0.036, 0.113) while the mean non-migration (mean confidence interval) was 0.718
(0.715, 0.793). As the migration between the three focal ponds revealed, emigration from
Pond Two was significantly greater than all other estimates of migration, and
immigration into Pond Two was among the lowest migration rates (see Appendix G
Table 1.3). Pond Two also had the greatest proportion of non-migrants. Furthermore,
bidirectional migration between Pond Nine and the other ponds was overall low.
Emigration from Mystery Pond was also low, while immigration into Mystery Pond was
greater than all other migrations, excluding emigration from Pond Two (see Appendix G

Table 1.3).

Discussion

The goal of this study was to compare direct and indirect estimates of migration,
as most studies have focused solely on one method. We compared genetic estimates of
migration within a metapopulation of marbled salamanders, Ambystoma opacum, with
estimates derived from an intensive CMR study. The results reveal that the direct and
indirect estimates of migration are not congruent. Furthermore, the three indirect
estimates are also not congruent and in some cases provide biologically unrealistic
estimates of migration.

Overall as well as pairwise Fsr estimates reveal that there is little genetic
differentiation between the focal ponds. This is not surprising given that observational

data from the CMR study (D. Church unpublished data) revealed that these ponds are not

43



isolated, i.e. appreciable migration is occurring. Fsr between Oak Pond and Deep Pond
revealed no genetic differentiation between these two ponds based on the Fst equation.
On the other hand, Oak Pond and Pond Two were more genetically differentiated
compared to Deep Pond and Pond Two.

We first used these pairwise Fst estimates to calculate Nm; however, this method
was problematic for several reasons. First of all, we were unable to estimate bidirectional
migration. Second, we were unable to calculate Nm between Oak Pond and Deep Pond
because Fst was 0 (see Appendix D Figure 1.2a). However, the CMR study clearly shows
that migration between these ponds occurred during the study interval. Given the good
quality habitat of both of these ponds (Buhlmann et al. 1999, Mitchell and Buhlmann
1999), there is no reason to believe that none of the migrants are successfully breeding.
Third, the number of migrants (Nm) between Oak Pond and Pond Two was less than the
number of migrants between Deep Pond and Pond Two (see Appendix D Figure 1.2a).
While at first this seems plausible, further examination reveals that this is likely not the
case. Deep Pond is closer to Pond Two (298 meters) compared to the distance between
Oak Pond and Pond Two (394 meters). Therefore, greater migration between Deep Pond
and Pond Two could be a result of the fact that these ponds are closer to one another, as
explained by the isolation by distance model (Wright 1943). However, this model only
considers spatial arrangement of the populations and its effect on the degree of migration
between them, which is generally not the case. For example, other environmental factors
such as habitat type are likely to affect migration (Crosswhite et al. 1998, Matter and
Roland 2002, Rittenhouse and Semlitsch 2006, Greenwald et al. 2009, Wang et al. 2009).

In our study system, Deep Pond and Pond Two are separated by a significant clearcut
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area. Clearcut has been found to limit migration of salamanders in other systems (Grialou
et al. 2000, Johnston and Frid 2002, Greenwald et al. 2009). As such, we would expect
migration between Deep Pond and Pond Two to be less than the migration between Oak
Pond and Pond Two, which are separated by forest. Therefore, while estimates of Nm
may be explained in part by distance, other crucial environmental factors potentially
affecting migration are not taken into account. Our inaccurate estimates of migration
using this indirect method are not surprising given that the assumptions underlying the
mathematical model are rarely if ever met in nature (Whitlock and McCauley 1999).

Average long-term migration calculated in MIGRATE-N reveal significantly low
migration between the three focal ponds (see Appendix D Figure 1.2b). However, the
problems associated with this program may explain these results. Abdo et al. (2004)
conclude that this program has a high probability of underestimating migration. This
could be due to the fact that this program seems to be largely influenced by recent
changes in population size (Beerli 2009). Because salamander population sizes can vary
significantly year to year due to changes in pond hydrologies as a result of varying rain
conditions (Semlitsch and Wilbur 1988, Church et al. 2007, D. Church unpublished data,
Church 2008), this could explain our significantly low migration estimates. Despite the
unexpected low migration, we compared the relative migration between the ponds. Doing
so revealed that emigration from Oak Pond into either Deep Pond or Pond Two was the
greatest (0.09 and 0.08, respectively). This supports the hypothesis that Oak Pond is a
good quality habitat and that over the long-term it is a source population within Maple
Flats and is necessary for maintaining other populations of marbled salamanders at

neighboring ponds (Buhlmann et al. 1999, Mitchell and Buhlmann 1999).
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In contrast to long-term migration, average recent migration estimated in
BAYESASS revealed greater emigration from Pond Two into Deep Pond and Oak Pond
(0.25 and 0.26, respectively) (see Appendix D Figure 1.2c). Furthermore, Pond Two had
the greatest proportion of non-migrants (0.91). This supports the field studies that
indicate that Pond Two is not an ideal amphibian habitat compared to other ponds in the
area (Buhlmann et al. 1999, Mitchell and Buhlmann 1999). Such studies have shown that
Pond Two’s hydroperiod can be quite variable, but it is usually ephemeral. As a result,
Oak Pond and Deep Pond seem to be crucial ponds for sustaining individuals that migrate
from Pond Two.

The different estimates of migration derived from MIGRATE-N and BAYESASS are
not surprising given the difference in time scale over which migration is estimated.
MIGRATE-N estimates average long-term migration, while BAYESASS estimates average
recent migration over the last one to three generations. This difference has implications
for conversation management plans. While preserving all ponds and the migration
between all ponds would be most beneficial for the metapopulation as a whole, funds
may be limited such that ponds must be individually considered. If this is the case, the
discrepancy between these two programs has conservation managnment implications as
each method’s results, if considered alone, would support different management
strategies. Given that the migration estimates derived from MIGRATE-N indicate that Oak
Pond is a source population, they support a conservation management plan geared at
preserving Oak Pond and the emigration of individuals from Oak Pond to Deep Pond and
Pond Two in order to maintain marbled salamander populations at Deep Pond and Pond

Two. In contrast, the BAYESASS estimates of migration support a conservation
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management plan aimed at preserving Oak Pond and Deep Pond, as well as the
emigration of individuals from Pond Two to either of these ponds. Given the poor quality
of Pond Two’s habitat (Buhlmann et al. 1999, Mitchell and Buhlmann 1999), it is likely
that Oak Pond and Deep Pond act as refuge habitats for Pond Two inhabitants, not that
Pond Two is a source population, thus showing the importance of utilizing natural history
knowledge when interpreting results. Determining which plan to employ depends on the
ultimate goal held by conservation strategists. If the goal is to preserve the
metapopulation over the long-term, then MIGRATE-N’s implications should be considered.
Alternatively, BAYESASS would support more short-sighted goals of maintaining the
metapopulation. These strategies can be reconciled if one considers that both goals are
ultimately necessary for sustaining the metapopulation.

We focused our comparative analysis of direct and indirect estimates of migration
on CMR estimates of migration, hereafter referred to as direct estimates, and recent
migration estimated in BAYESASS, hereafter referred to as indirect estimates. This is
because estimates of Nm via the Fst equation appeared to be inaccurate, and long-term
migration was not the ultimate basis of comparison, since the CMR study was recently
conducted. Compared to the other genetic-based estimates of migration, results obtained
from BAYESASS were most similar to the CMR estimates. Both methods reveal greater
migration out of, rather than into, Pond Two (see Appendix D Figure 1.2c and 1.2d);
however, the difference is significantly greater in the indirect estimates. Furthermore,
non-migration was greatest for Pond Two, as indicated by both direct and indirect
methods. Together, these results indicate greater emigration from Pond Two compared to

all other migration between the ponds. These results collectively agree with field studies
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that show that Pond Two is not an ideal amphibian habitat compared to other ponds in the
area (Buhlmann et al. 1999, Mitchell and Buhlmann 1999).

While this trend of greater emigration from Pond Two is similar between direct
and indirect estimates, the degree is different. Indirect estimates indicate that migration
out of Pond Two is significantly greater than migration into Pond Two, whereas, direct
estimates reveal a minimal difference. One possible explanation for this could be that
these methods are in fact measuring two distinct parameters. While the direct method
measures the actual movement of individuals in a metapopulation, the indirect method
measures gene flow. However, migration and gene flow may not be congruent due to the
fact that migrants may not be successful breeders and thus may not contribute genetically
to the next generation (Whitlock and McCauley 1999). Therefore, migration may not
necessarily translate directly to gene flow. In this study, direct estimates reveal that the
movements of individuals between the focal ponds are relatively equal; however, indirect
estimates reveal that migrants are less likely to be reproductively successful at Pond Two
as indicated by the greater proportion of non-migrants at Pond Two. Again, this could be
because Pond Two is a lower quality habitat (Buhlmann et al. 1999, Mitchell and
Buhlmann 1999). These findings support the idea that CMR field estimates more
accurately represent the movement of individuals, while genetic data are more
informative of the reproductive success of migrants at a specific population.

In addition, direct and indirect estimates of migration between Oak Pond and
Deep Pond are inconsistent. The indirect estimates of migration suggest that there is very
little difference in migration between Oak Pond and Deep Pond. In contrast, direct

estimates reveal asymmetric migration between these two ponds with greater immigration
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into Oak Pond compared to Deep Pond. In this case, observational data of the ponds
support the direct estimates; it has been shown that Oak Pond is a more ideal habitat,
compared to Deep Pond, for amphibian species, as it has been observed to rarely if ever
dry (Buhlmann et al. 1999, Mitchell and Buhlmann 1999).

The overall incongruence between direct and indirect estimates of migration is not
surprising for several reasons. As previously discussed, while direct CMR studies
estimate the movement of individuals, indirect genetic estimates more specifically
measure gene flow. Since migrants may not be contributing to the gene pool via
reproduction, migration estimates may not be congruent with estimates of gene flow. In
addition to a poor quality habitat negatively affecting the breeding success of migrants,
migrants may be less fit than other migrants, and therefore less successful breeders, if
they are of a different age class, physical condition, social status or migrate later during
the breeding season (Endler 1979, McCauley 1983, Chepko-Sade and Halpin 1987, Roff
and Simons 1997). Secondly, one must consider time scale. The CMR study was an
intensive study over the course of four years. Therefore, the migration estimated via this
method reflects movement of individuals occurring within the four years of the study. On
the other hand, genetic data generally represent a longer time period of migration and
gene flow occurring beyond just those four years. Specifically, BAYESASS calculates the
average migration over the past one to three generations, roughly three to nine years.
Finally, it is important to keep in mind that because a few assumptions of the program
BAYESASS were violated, it is possible that these estimates are not entirely accurate. In
our study system, migration is not likely to be constant over time even over a short time

period, and we did not sample all ponds exchanging migrants in the system. Increasing

49



the sample size of ponds in the system may alleviate this problem and provide indirect
estimates that better reflect migration.

The discrepancy between direct and indirect methods has conservation
managnment implications, as each method would promote different management plans.
We therefore urge conservationists looking to use these methods to carefully consider
which method will suit their conservation needs and questions by bearing in mind what
each method’s output actually indicates. Ultimately, we believe that both methods are
useful for the ultimate preservation of a study system. Monitoring migration alone is
limiting because it does not necessarily equate to gene flow, which is needed to promote
and maintain high levels of genetic diversity. However, gene flow cannot take place
without migration. In the end, these methods can be reconciled by realizing that both
measures are complementary.

We estimated recent migration between the three focal ponds and two additional
ponds and analyzed the results in light of our comparative study. This analysis reveals
significantly higher emigration from Pond Two compared to other migration, as observed
in the migration analysis of just the focal ponds (see Appendix G Table 1.3). Again, this
can be explained because Pond Two has been shown to be an unsuitable habitat
(Buhlmann et al. 1999, Mitchell and Buhlmann 1999). However, given that the results of
the CMR study indicate that the emigration from Pond Two is not nearly has high as the
genetic data suggests, we believe that the emigration from Pond Two is inflated in this
analysis as well. This analysis also reveals low migration between Pond Nine and all
other ponds. This is not surprising for two reasons. First, Pond Nine is the most distantly

located pond of the five ponds. As such, migration to the other ponds may be lower due
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to distance alone, i.e. migration is less likely to occur between populations that are further
apart. However, distance alone is rarely the only factor affecting migration. Streams and
rivers have been shown to limit salamander dispersal (e.g., Gibbs 1998, Marsh et al.
2007). In this case, Canada Run is located between Pond Nine and the other 4 ponds, thus
limited migration out of and into Pond Nine. Migration from Mystery Pond was also low,
which could also be a result of distance, as it is located the furthest east from all the
ponds in this study. However, the relatively greater immigration into Mystery was
unexpected and could be due to the limited number of samples we collected from
Mystery Pond.

In conclusion, most studies use CMR (direct method) or genetic data (indirect
method) to estimate migration between populations. However, given the limitations of
genetic inferences and the fact that this method actually estimates gene flow, the
likelihood of direct and indirect methods being congruent is unlikely. We explored this
hypothesis in our study. By comparing CMR and genetic estimates of migration between
three ponds within a metapopulation of Ambystoma opacum, we show that these two
methods are in fact not congruent. This has implications for conservation management
plans, as many conservation decisions may rely on genetic studies to infer the viability of
amphibian metapopulations as well as migration between the subpopulations. However,
as shown in this study, genetic inferences do not accurately represent individual
movements between ponds. Instead, indirect methods are more informative of
reproductive success and gene flow, which is likely related to the habitat quality of the
ponds and fitness of migrants. However, given the historical effect of gene flow estimates

measuring back at least several generations, these estimates may still not accurately
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reflect current gene flow. As migration is required for gene flow to occur, accurate
estimates of current migration are necessary to accompany genetic data to make an
informed decision regarding conservation of populations. As such, we propose that future
work seek to combine direct and indirect methods in order to develop a method to
monitor migration of amphibians and other endangered and threatening organisms, in a
minimally invasive, cost-effective way. This will enable conservation agencies to make

more informed decisions based on indirect methods.
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CHAPTER 2: FIELD ESTIMATES OF MIGRATION PROVIDE MORE
ACCURATE LEAST-COST DISPERSAL ROUTES IN THE MARBLED

SALAMANDER

Abstract Least-cost path analysis is a technique used by scientists to determine dispersal
routes between populations of organisms. Given that conservation management plans
may refer to least-cost dispersal maps to implement dispersal corridors, determining
which data will yield the most biologically plausible habitat costs and therefore dispersal
routes is crucial for implementing effective corridors. We compared dispersal maps of
marbled salamanders, Ambystoma opacum, constructed on two sets of habitat costs
derived from 1) field estimates of migration and 2) genetic estimates of migration. We
show that the two sets of habitat costs predict different dispersal maps and that field data

likely represent biologically plausible habitat costs and therefore dispersal routes.

Introduction

Decreased dispersal and increased population isolation are detrimental to the
viability of populations as they result in a loss of genetic diversity, which negatively
affects offspring survival and other factors needed to maintain populations (Soulé 1980,
1986, 1987; Frankel and Soulé 1981; Gilpin and Soulé 1986; Frankham 1995). Therefore,
monitoring population connectivity and dispersal is crucial for assessing the viability of
populations. Geographical Information Systems (GIS) are increasingly used to assess
population connectivity and dispersal (e.g., Schippers et al. 1996, Michels et al. 2001,

Nikolakaki 2004, Cowen et al. 2006), and have been used to model the dispersal routes of
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many species, including cougars Puma concolor (LaRue and Nielsen 2008), ocelots
Leopardus pardalis (Haines et al. 2006), Florida panthers Puma concolor coryi (Meegan
and Maehr 2002), Florida black bears Ursus americanus floridanus (Larkin et al. 2004),
and other species (Harrison 1992). These dispersal path studies not only provide a means
of understanding the effects of landscape features on the dispersal of individuals, they
may also be used to implement dispersal corridors necessary to promote migration
between populations.

Monitoring dispersal of rare or endangered species is particularly important as
reduced migration is even more detrimental to these taxa. Salamanders, like most
amphibian species, live in highly structured metapopulations consisting of smaller
subpopulations between which dispersal occurs (Marsh and Trenham 2001). The world-
wide decline of amphibian populations has been widely documented (Barinaga 1990,
Wake 1991, Stebbins and Cohen 1995, Collins and Storfer 2003). Many studies suggest
that these declines are precipitated by the destruction, alteration, and fragmentation of
amphibian habitats (Petranka et al. 1993, Delis et al. 1996, Vos and Chardon 1998).

Although both population genetic and field studies have long been used to assess
the impacts of landscape changes on salamander populations (e.g., Gibbs 1998, Marsh et
al. 2005, Rittenhouse and Semlitsch 2006), GIS techniques and analyses are increasingly
employed to help assess the current state of salamander metapopulations (e.g.,
Crosswhite et al. 1998, Davidson et al. 2002, Porej et al. 2004, Rittenhouse and Semlitsch
2006, Greenwald et al. 2009). In addition, GIS is useful in evaluating current as well as
future management plans (e.g., Gustafson et al. 2001, Willson and Dorcas 2002). GIS is

also implemented to determine dispersal paths of salamanders (e.g., Wang et al. 2009).
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Such techniques provide a new way to better understand salamander population declines,
and will no doubt contribute a great deal to help implement effective management plans.

Traditionally, GIS studies aimed to better understand the effect of landscape
structure and composition on dispersal have focused on linear distance analyses (e.g.,
Storfer 1999, Michels et al. 2001, Manel et al. 2003, Spear et al. 2005). In linear distance
analysis, the varying degree of migration estimated from genetic or field studies is
correlated to the geographic distance between the populations. However, this approach
fails to take into account the possible effects of landscape heterogeneity on dispersal
(Wang et al. 2009). As a result, an increasing number of studies are using least-cost path
analysis to study genetic structure and migration, as numerous studies have shown that
least-cost path distance is a more accurate model for fitting patterns of genetic structure
than linear distance analysis (Michels et al. 2001, Coulon et al. 2004, Stevens et al.
2006). In least-cost path analysis, ‘costs’ that reflect resistance through various landscape
features are assigned to the various features. The path between two points that results in
the lowest cumulative cost of moving between those points is then determined. However,
these studies use observational data and a priori expectations to measure cost, which is
often not accurate given that a species may not follow anthropologic assumptions of
landscape quality (Cushman et al. 2006, Driezen et al. 2007). Therefore, some studies
have relied on genetic estimates of gene flow to help assign relative costs of the habitat
features and determine the most biologically plausible dispersal routes (e.g., Epps et al.
2007, Wang et al. 2009).

Using genetic estimates of migration may be problematic because such estimates

may be incongruent with field capture-mark-recapture (CMR) estimates of migration
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(Chapter 1). Therefore, the costs and associated dispersal routes may differ depending on
the type of data used in the initial assessment of the populations, but this needs to be
further explored. Given that conservation management plans may refer to least-cost path
dispersal analyses to implement dispersal corridors, determining which data will yield the
most biologically plausible habitat costs and therefore dispersal routes is crucial for
implementing effective corridors that will successfully promote dispersal and
connectivity between populations (Mech and Hallett 2002, Dixon et al. 2006).

This study was aimed at not only determining dispersal routes within a
metapopulation of the marbled salamander, Ambystoma opacum, using least-cost path
analysis, but more importantly at determining the best method to do so. To do this, we
compared dispersal maps based on different sets of habitat costs derived from both field
data and genetic data, independently. Specifically, we used CMR and genetic data
collected for the same populations to estimate migration and infer costs of dispersal
through different habitat types in order to map predicted dispersal routes based on each
method. We then qualitatively compared the costs and associated dispersal paths as well
as quantified any differences between the dispersal maps using t-tests to compare several
variables obtained from each map in order to determine whether these methods are

congruent.
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Methods
Study System

Marbled salamanders, Ambystoma opacum, occur throughout much of the eastern
United States from southern New England to northern Florida, and west to parts of Texas
(Petranka 1998). Like most amphibian species, they live in highly structured
metapopulations (Pope et al. 2000, Marsh and Trenham 2001). In addition, they are listed
as threatened or endangered in several states in the US (Croshaw et al. 2005). Thus,
understanding how populations are interconnected is vital to their successful future.

Unlike most Ambystoma species, marbled salamanders breed and oviposit on
land, specifically, in dry vernal ponds. Following metamorphosis, the juveniles retreat to
the upland forests. When adults reach 1-5 years old, they return to the ponds to breed
(Petranka 1998). While little is known about their adult life on land, movement data
indicate that they are quite active and exhibit complex recognition movements (Shoop
and Doty 1972, Williams 1973, Stenhouse 1985, Dodd 1996, Semlitsch 1998). Like other
adult salamanders, they may migrate more than 1 kilometer away from the breeding
ponds (Williams 1973, Dodd 1996).

The populations of this study reside within the Shenandoah Valley Sinkhole Pond
System located in Augusta County, VA. Within this larger pond complex, the Maple
Flats Sinkhole Pond Complex contains approximately 24 ponds and is home to a
metapopulation of marbled salamanders. The pond hydrologies and quality are quite
variable, with no two ponds in the system being identical (Buhlmann et al. 1999). As a
result, not all ponds support salamander populations in consecutive years. One year a

given pond may support a salamander population, while the next year the same species
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will experience reproductive failure at that pond (Buhlmann et al. 1999, Mitchell and
Buhlmann 1999). Mitchell and Buhlmann (1999) suggest that together the ponds act as a
dynamic system where dispersal enables the recolonization of certain ponds following a
dry year. Thus, a better understanding of exactly how the ponds are connected would
provide insight into the dynamics of the metapopulation as a whole.

Within this complex, several areas around the ponds were clearcut in 1980 for
timber harvesting and are now predominately white pine (Pinus strobes) (Buhlmann et al.
1999). Unharvested forests on the other hand are comprised mostly of hardwoods
including oak (Quercus spp.), hickory (Carya spp.), pitch pine (Pinus rigida), black gum
(Nyssa sylvatica), and yellow-poplar (Liriodendron tulipifera) (Swartz and Kocka 1999).
Even 19 years after clearcutting, stem size and abundance of trees were significantly
different between clearcut and mature forest (Wilbur and Church personal comm.). In
fact, it has been shown that the clearcut areas may still be affecting salamander
demography (D. Church unpublished data). Therefore, assessing the potential impacts of
these clearcut areas on salamander dispersal is crucial.

During the years 1999-2003, CMR estimates of migration between three focal
subpopulations, Oak Pond, Deep Pond, and Pond Two, were measured (D. Church
unpublished data). Individuals were captured, marked, released, and recaptured several
times throughout the four-year study in order to track salamander movements between
the ponds. Movement probabilities were calculated using the program MARK (White and
Burnham 1999). In addition, a genetic study estimating gene flow between these three
focal ponds using tissue samples from individuals of the CMR study was conducted

(Chapter 1). Nine microsatellite markers were used to estimate genetic differentiation
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between the ponds. These estimates were then used to infer recent migration rates using
the program BAYESAsS 1.2 (Wilson and Rannala 2003). More specifically, BAYESASS
estimates the fraction of individuals in a given population that are migrants from a source

population.

Least-cost path analysis

In order to identify dispersal routes of marbled salamanders between ponds, we
first created a detailed habitat map representing vernal ponds, streams, and the two
habitat types: clearcut and forest. To do this, we obtained a world imagery map
(http://resources.esri.com/arcgisdesktop/index.cfm?fa=content&tab=Maps). We used the
UTM NAD 1983 zone 18N projection to minimize distortion in our study area in
Virginia. Approximately 15 ground control points were used to geo-reference an aerial
raster photograph of the Maple Flats Sinkhole Pond Complex taken in 1998 (see
Appendix | Figure 2.1) to the world imagery map using the Geo-referencing tool in
ArcMap version 9.3 (ESRI). The geo-referenced aerial photo was then re-sampled to a
resolution of 5 meters.

Next, the polygons were screen digitized. To do this, a new polygon shapefile was
created in ArcCatalog version 9.3 (ESRI) and edited in ArcMap version 9.3 (ESRI) using
the Editor tool. The “autocomplete border” option allowed newly created adjacent
polygons to share the same border and prevent the creation of slivers or overlapping
polygons. We then assigned values to the newly created polygons corresponding to a
vernal pond, stream, or one of the two habitat types. We were interested in determining

the paths to the perimeters of the ponds, not through them, because marbled salamanders
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are not aquatic and do not migrate through a filled vernal pond. Therefore, the final ‘cost
rasters’ we used for analysis consisted of pond borders with “NODATA” classifying the
area within the ponds. To do this, the ponds were selected from the polygon habitat map,
exported as a new shapefile, and converted to polylines via Vector Transformations in
ArcView 3.x. The vector polygons habitat map, excluding the ponds, and vector polyline
ponds map were then converted to a 5 meter resolution raster. Costs were assigned to
each raster, as explained below, and combined into one cost raster, on which least-cost
path analyses were performed. Since the edges of the ponds are essentially forest, we
assigned a cost to the pond borders that was the same as the cost of the forest.

In order to determine the relative costs of the two habitat types, we used the CMR
estimates of migration as well as genetic estimates of gene flow. Each set of costs was
used to construct a different dispersal map. The CMR study of the three focal ponds in
this pond complex determined that the average landscape migration through clearcut
areas was 0.011, while migration through forest areas was 0.026 (D. Church unpublished
data). Using the assumption that higher rates of migration indicate relatively less costly
dispersal, we determined that the cost of the clearcut habitat was 2.3 times greater than
the forest habitat (see Appendix K Table 2.1). In contrast, the genetic study of the same
focal ponds estimated bidirectional migration between ponds, not specific habitats
(Chapter 1). However, we were able to infer the cost of migration through the different
habitats because the habitat type between Pond Two and Deep Pond consisted solely of
clearcut, while the habitat type between Pond Two and Oak Pond consisted solely of
forest. Therefore, we inferred that migration between Pond Two and Deep Pond was

indicative of migration through clearcut, while migration between Pond Two and Oak
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Pond was indicative of migration through forest. However, BAYESASS calculates
bidirectional migration between these pairs of ponds. To minimize any potential pond
quality effect on migration, we chose Pond Two as the origin pond, and Oak Pond and
Deep Pond as the destination ponds, since it has been shown that Pond Two is a lower
quality habitat, while Oak Pond and Deep Pond have relatively equal habitat quality for
salamanders (Buhlmann et al. 1999). Standardizing for distance, we determined that
migration from Pond Two to Deep Pond (i.e. through clearcut) was 8.4 x 10 and
migration from Pond Two to Oak Pond (i.e. through forest) was 6.6 x 10™ (Chapter 1).
Therefore, the cost of moving through forest was 1.2 times greater than migration
through clearcut based on the genetic data (see Appendix K Table 2.1). We did not have
any appropriate data to assign a cost to crossing streams (Canada Run); therefore, we
focused our analyses on the ponds situated west of the stream. Furthermore, North Pond
and South Pond were excluded from this study because they are home to several fish
species, which is not conducive for salamander survival (Buhlmann et al. 1999).

Based on these two sets of costs (see Appendix K Table 2.1), we constructed two
‘cost rasters.” From these ‘cost rasters,’ ‘cost distance rasters’ were constructed for
individual ponds by selecting the ponds from the polyline pond vector layer. This ‘cost
distance’ gives values to each cell equal to the cumulative cost of reaching it from the
source pond. Finally, least-cost path analyses were performed for pairs of ponds using the
‘cost distance raster’ for one pond and selecting the destination pond from the polygon
pond vector layer.

Initially, we calculated pairwise least-cost paths between the three focal ponds:

Oak Pond (OP), Deep Pond (DP), Pond Two (P2). We then extended the analyses to
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include other ponds according to their orientation to other clearcut areas in the pond
complex to further examine the effect of the different habitat costs on the dispersal
routes. The other ponds included Pond 19 (P19), Mystery Pond (MP), Kennedy Mountain
Meadows (KM), Spring Pond (SP), Twin Pond (TP), Pond 14 (P14), Pond 5 (P5) and
Pond 4 (P4). For each path from each dispersal map, we collected several variables
including cost length (i.e. total length of the least-cost path), Euclidean distance (i.e. total
length of straight distance between ponds measured from the origin and destination points
of the respective least-cost path), direction, and sinuosity (see Appendix L Table 2.2).
Sinuosity is a measure of the complexity of the least-cost path and is equal to Euclidean
distance divided by cost length, where values closer to 1 indicate little or no complexity
and values closer to 0 indicate cost paths are more complex than straight paths. Cost
lengths and Euclidean distance for each pair of ponds were statistically compared for
each dispersal map independently using a paired two-tailed t-test. Cost length, direction,
and sinuosity were statistically compared between the two dispersal maps independently
using a paired two-tailed t-test. Sinuosity was ‘arcsin- square root’ transformed to meet
the assumption of equal variance. Least-cost paths through forest habitat only were
excluded in the statistical analyses, since we expected these paths to be equivalent both
within (when compared to Euclidean distance) and between dispersal maps. A subset of
the paths was overlaid on the original habitat map for visual comparison.

Finally, while changes in elevation are often a concern in potentially affecting the
movement of small organisms such as salamanders (e.g., Lowe et al. 2006), we excluded
elevation data as a layer because the resolution of the available data was not fine enough

to capture potential elevation differences within the study area. However, we gathered
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elevation data to determine if there were in fact significant elevation differences between
the origins and destinations of each path. To do this, we calculated the difference in
elevation for each path by collecting elevation data for each pond within the pairs of
ponds (i.e., elevation at pond ‘x’ and elevation at pond ‘y’ for each path) using Google
Earth. A multiple regression for each dispersal map was performed using cost length as

the dependent variable, and Euclidean distance and elevation difference as the regressors.

Results

We used field and genetic estimates of marbled salamander migration to infer the
relative costs of traveling through forest versus clearcut habitat working under the
assumption that migration and cost are inversely proportional, i.e. greater migration
indicates less costly habitat. According to the CMR study, migration through forest was
2.3 times greater than migration through clearcut. Therefore, clearcut habitat was 2.3
times more costly than forest habitat (see Appendix K Table 2.1). In contrast, the genetic
estimates revealed that migration through clearcut was 1.2 times greater than migration
through forest, which resulted in a 1.2 times greater cost of traveling through forest
compared to clearcut (see Appendix K Table 2.1).

According to the costs generated from field and genetic estimates of migration
(see Appendix K Table 2.1), the two dispersal maps constructed show differing dispersal
routes (see Appendix J Figure 2.2). The field estimates of migration revealed that the cost
of traveling through clearcut is greater than forest (see Appendix K Table 2.1). As such,
the resulting dispersal map shows paths that generally avoid going through clearcut (see

Appendix J Figure 2.2a). This is particularly evident when examining the paths between
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SP, OP, P5, TP, and P4. Analysis between pairs within this group of ponds reveals that
the paths avoid traveling through clearcut 7. The only relatively straight path occurs
between OP and P2. In two instances, however, paths do go through clearcut; paths
between MP and P19, and MP and P14 cross the narrow areas of clearcuts 2 and 4
(respectively).

In contrast, according to genetic estimates of migration, traveling through forest is
slightly more costly than traveling through clearcut (see Appendix K Table 2.1). The
resulting dispersal map therefore shows dispersal routes that readily go through the
clearcut patches to the other ponds (see Appendix J Figure 2.2b). The paths between
ponds SP, OP, P5, TP, and P4 again clearly demonstrate this finding. Unlike the dispersal
map generated from field data, paths between pairs within this group of ponds in this
analysis readily cross clearcut 7. Furthermore, there are more straight line paths in this
analysis, e.g., between P2 and OP, OP and DP, and MP and P19.

A statistical comparison of the cost lengths and Euclidean distances within each
dispersal map revealed significant differences in both the dispersal map built on field data
(t14=4.60, p < 0.001), and the map built on genetic data (t14 = 4.42, p < 0.001), where in
both cases, cost lengths were significantly greater than Euclidean distances (see
Appendices L and M Tables 2.2 and 2.3). Although cost lengths built on field data were
significantly greater compared to those built on genetic data (t;4 = 4.35, p <0.001), and
the sinuosity of the paths built on genetic data was significantly greater than the sinuosity
of the paths built on field data (t;4=-2.49, p = 0.03), direction was not significantly
different between the two dispersal maps (tis=—1.68, p = 0.12) (see Appendices L and M

Tables 2.2 and 2.3). Finally, the regression for the field data dispersal map was a strong
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fit (R%q; = 98%), and overall significant (F,.19= 642, p < 0.001). This was a result of
Euclidean distance being a significant variable (t;g = 28, p < 0.001), while elevation
difference was not a significant variable (t;g=—0.70, p = 0.49). Similarly, the regression
for the genetic data dispersal map was a strong fit (R?aq; = 99%), and overall significant
(F219=2871, p <0.001). Again, this was a result of Euclidean distance being a
significant variable (t;s =57, p <0.001), while elevation difference was not a significant

variable (t1g=0.43, p = 0.67).

Discussion

The goal of our study was to examine the effect of using field versus genetic
estimates of migration on assigning costs to habitats and its ultimate effect on the least-
cost paths, or dispersal routes. This was done for a metapopulation of marbled
salamanders, Ambystoma opacum, situated in a habitat where timber harvesting has
resulted in clearcut patches between several ponds. Our comparison revealed that these
two methods for assigning costs and determining dispersal routes are not congruent.

According to the field estimates of migration, migration through clearcut was 2.3
times more costly than through forest (see Appendix K Table 2.1). The resulting dispersal
map reveals that individuals generally avoid traveling through clearcut patches (see
Appendix J Figure 2.2a). The overall resulting paths were not straight lines between the
ponds. Instead, paths wind and turn around the clearcut, such as 6 and 7, situated between
ponds. The only straight line path was between DP and P2, which we expected given that
there are no clearcut patches between these ponds. Furthermore, the length of these cost

paths was significantly different from the Euclidean distances.
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In contrast, the genetic estimates of migration indicate that movement through
forest is more costly than through clearcut, although only minimally. The genetic
estimates of migration revealed that traveling through forest was 1.2 times more costly
than traveling through clearcut patches (see Appendix K Table 2.1). The resulting
dispersal map indicates that marbled salamanders are more likely to travel through
clearcut than forest habitat (see Appendix J Figure 2.2b). Furthermore, the paths in this
analysis are more direct routes between ponds. In fact, three paths are straight lines
through both forest and clearcut habitats. Together, these results indicate that Euclidean
distance seems to be a greater driving force dictating the routes in this analysis, which is
not surprising given that the relative difference in costs between clearcut and forest in this
method is minimal. This minimal difference in relative costs results in a relatively equal
habitat cost raster. Still, the resulting cost path lengths were significantly different than
the Euclidean distance indicating that even a slight difference in relative costs of the
habitat has a profound overall impact on the distances of the least-cost paths.

Comparing the dispersal maps built on field and genetic estimates of migration
reveals that the methods are not congruent. Qualitatively, the least-cost paths built on
genetic data traverse more readily through the clearcut patches compared to the paths
built on field data. Statistically comparing the cost length reveals that the paths built on
field data are on average longer and more complex. Direction, on the other hand, was not
significantly different, which we expected given that the ultimate origin, destination, and
thus orientation of the paths were the same between the two maps.

The differences in these two dispersal maps are not surprising given that it has

been shown that the field and genetic estimates of migration are themselves not
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congruent (Chapter 1). This can be attributed to the fact that while direct CMR estimates
measure migration, indirect genetic estimates specifically measure gene flow. Since
migrants may not be contributing to the gene pool via reproduction, migration estimates
may not be congruent with estimates of gene flow. Therefore, genetic estimates seem to
be more informative of the reproductive success of individuals at a given pond, which
varies according to pond hydrologies and other pond qualities (Buhlmann et al. 1999,
Mitchell and Buhlmann 1999, Church 2008). Since CMR estimates are informative of the
actual movements of individuals, we argue that these estimates provide more accurate
habitat costs and dispersal paths.

Furthermore, the dispersal map derived from the field data appears more
biologically plausible given the differences in the habitat quality between forest and
clearcut. Forest patches tend to be more shaded with a less dense understory whereas
previously clearcut areas have a much denser, drier understory (Swartz and Kocka 1999,
D. Church personal communication). Denser understory has been shown to hinder
movement in other organisms including the collared lizard (Templeton et al. 2001).
Johnston and Frid (2002) demonstrated that clearcut patches restricted dispersal of the
Pacific giant salamander. In addition, amphibians prefer to travel through wetland habitat
(Funk et al. 2005), and open dry areas are thought to limit dispersal in salamanders
(Madison and Farrand 1998, Maynadier and Hunter 1999, Rothermel and Semlitsch
2002). Furthermore, salamanders have been found to migrate to and from ponds via
forest habitats and re-orient themselves to migrate through forest habitats if they exit a

pond into grassland habitat (Rothermel and Luhring 2005). Together, these studies
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support the hypothesis that salamanders prefer to travel through forest habitat, which
supports our habitat costs and dispersal map derived from field data.

The profound negative effects of clearcutting on salamander populations could
explain their hindrance of salamander dispersal. Petranka et al. (1993) found a 5-fold
increase in the number of salamanders caught in mature forests compared to newly
clearcut forests in western North Carolina. They estimate that clearcutting in this area
results in a loss of about 14 million salamanders annually. It has also been shown that
when clearcuts near a study pond were implemented, adult mole salamanders experienced
reduced survival when they immigrated from the clearcut side of the pond (Raymond and
Hardy 1991).

These negative impacts of clearcuts on salamander survival can be attributed to
several factors. First, clearcutting has been shown to result in an increase in soil
temperature and water evaporation due to increased light penetration (Bury 1983,
Rothermel and Luhring 2005). Rothermel and Luhring (2005) predicted that by removing
canopy and disturbing ground cover, clearcutting and other forest management practices
increase the risk of desiccation of salamanders, especially newly metamorphosed
individuals. Through experimental habitat manipulation, they found that water loss over
72 hours was significantly greater in the clearcut with coarse woody debris compared to
the other treatments. They ultimately showed that complete canopy removal greatly
increased the mortality of mole salamanders as a result of desiccation. Second,
clearcutting increases penetration of ultraviolet-B (UV-B) radiation, which salamanders
are sensitive to. Hatching success of the Northwestern salamander (Ambystoma gracile)

is significantly lower for eggs exposed to UV-B radiation (Blaustein et al. 1995). In
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addition, through laboratory manipulation, Beldan and Blaustein (2002) showed that the
larvae from all populations of long-toed salamanders (Ambystoma macrodactylum)
collected had a higher mortality when exposed to UV-B radiation compared to those
shielded from UV-B radiation. UV-B radiation potentially continues to negatively impact
adult salamanders and hinder migration through clearcut. Finally, Johnson et al. (1991)
showed that clearcutting results in increased soil acidity. The researchers attribute this
finding to changes in the chemical process of the soil due to loss of trees. This increase in
soil acidity has been shown to have negative effects on salamanders. Specifically, Leuven
et al. (1986) demonstrated that low water pH negatively affects amphibian reproduction.
Wyman and Hawsley-Lescault (1987) found that adult red-backed salamander density
was significantly reduced in habitat areas with a low pH level and nonexistent in
extremely acidic habitats.

Together, these findings support the hypothesis that salamanders avoid migrating
through clearcut areas because such areas are unsuitable habitat. This further supports the
dispersal map derived from field data in this study. However, even in this map, two
routes show movement through clearcuts 2 and 4. This may be attributed to “cracks.”
“Cracks” result when narrow, costly features, are represented in raster form (Rothley
2005). In this case, migration through clearcut occurs at narrow clearcut areas (see
Appendix J Figure 2.2a). These narrow clearcut areas lead to the erroneous identification
of nonexistent "shortcuts"” across habitats that are actually very costly (Rothley 2005).

Furthermore, we limited our habitat raster data and costs to habitat type. While
changes in elevation are often a concern in potentially effecting the movement of small

organisms such as salamanders (e.g., Lowe et al. 2006), our multiple regression results
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indicated that elevation was not a significant factor. However, other factors such as
moisture, soil temperature, UV-B penetration, and soil acidity were not included when
constructing our cost rasters because we did not have the necessary field data. However,
given that these factors have profound effects on salamander survival and potentially
migration, including these data in addition to habitat type may provide even more
accurate dispersal routes. Such environmental factors may not only differ between habitat
types (Bury 1983, Johnson et al. 1991, Nicotra et al. 1999, Rothermel and Semlitsch
2002, Rothermel and Luhring 2005); heterogeneity within habitat types could also be at
play (Tews et al. 2004). Therefore, both within and among habitat heterogeneity could
have profound impacts in directing paths through very specific habitats both between and
within habitat types. As such, we argue that future studies should aim at identifying and
utilizing as many variables that are thought to effect dispersal of salamanders as possible
in order to determine the most biologically plausible dispersal routes. Ultimately,
behavioral studies of A. opacum movements are necessary to determine whether the paths
are biologically accurate or not. Therefore, we argue further that behavioral studies
should be used to accurately assess the accuracy of the modeled dispersal paths.

In conclusion, we show that using different empirical data to help assign costs to
habitats results in different dispersal maps. This has conservation implications as such
maps may be used to determine and develop dispersal corridors. Given that field studies
more accurately measure the actual movement of individuals and that clearcut has been
shown to negatively affect salamander survival and dispersal, we argue that capture-

mark-recapture estimates of migration provide more accurate habitat costs, which can
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then be used to determine biologically plausible dispersal routes and effective dispersal

corridors.
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GENERAL CONCLUSION

Estimating migration has become a key focus in the field of conservation biology
as migration is a crucial component contributing to the viability of natural populations.
Migration studies generally rely on either direct or indirect methods to estimate migration
between populations. However, given the limitations of genetic inferences, the likelihood
that these methods will yield similar estimates of migration is unlikely. We explored this
hypothesis in our study. We compared direct capture-mark-recapture and indirect genetic
estimates of migration and the associated habitat costs and least-cost dispersal routes of
the marbled salamander, Ambystoma opacum. We show that not only are direct and
indirect estimates of migration not congruent, such estimates predict different least-cost
dispersal maps.

First, by comparing capture-mark-recapture and genetic estimates of migration
between three ponds within a metapopulation of Ambystoma opacum, we show that these
two methods are not congruent. This may be because genetic inferences do not represent
individual movements between ponds. Instead, indirect methods are more informative of
reproductive success and gene flow, which is likely related to the habitat quality of the
ponds and fitness of migrants. On the other hand, direct methods more accurately reflect
the movement of individuals between the ponds. Furthermore, the genetic estimates of
migration are not congruent with one another. This may be due to different time scales on
which these methods estimate migration rates or to violations of assumptions underlying

the estimations.
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Second, we show that using different empirical data to help assign costs to
habitats yields different dispersal maps. The available habitats in this study were natural
forest and clearcut forest remnants. While the field data predicted that salamanders avoid
traversing through clearcut patches in the habitat, the genetic data predicted that
individuals preferably travel through clearcut compared to the adjacent forest. Given that
field studies more accurately measure the actual movement of individuals and that
clearcutting has been shown to negatively affect salamander survival and dispersal, we
argue that capture-mark-recapture estimates of migration provide more accurate habitat
costs and therefore more accurate dispersal routes.

Collectively, these findings have implications for conservation management
plans, as many conservation decisions may rely on migration estimates to infer the
viability of natural populations as well as determine and implement dispersal corridors.
Therefore, in estimating migration, we propose that future work seek to combine direct
and indirect methods in order to develop a method to monitor migration of amphibians
and other endangered and threatened organisms, in a minimally invasive, cost-effective
way. This will enable conservation agencies to make more informed decisions based on
indirect methods. In determining dispersal routes, we argue for utilizing field data to help
assign habitat costs as they will yield more biologically plausible routes and therefore

more effective dispersal corridors.
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APPENDIX A

Figure 1.1: Distribution of the marbled salamander along the eastern and mid-southern
United States of America. U.S. Geological Survey: National Amphibian Atlas adapted

from Lannoo 2005.

91



APPENDIX B

Augusta County, Virginia
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Figure 1.2: A county map of Virginia highlighting Augusta County. The Shenandoah

Valley Sinkhole Pond System (including Maple Flats Sinkhole Pond Complex) is located

near the southern border of Augusta County.
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APPENDIX C
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iure 1.1: Infrared aer photo of Maple Flats Slnkhole Pond Complex in Augusta

County, Virginia (U.S. Forest Service April 1998). Ponds appear as black, forest as
green, clearcut as mottled red, and agricultural fields and pasture as solid red or light
blue. The focal ponds of this study included Oak Pond, Deep Pond, and Pond Two as
they were the focal ponds in the capture-mark-recapture study. Mystery Pond and Pond
Nine were later added to the study for an analysis of a larger subset of the

metapopulation.
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APPENDIX D
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Figure 1.2: a) Estimates of Nm (number of effective migrants per generation). These
estimates were manually calculated using pairwise Fstvalues and the Fstequation.
Estimates of Fst were calculated in the program GENEPOP. (b-d) Bidirectional indirect
and direct estimates of migration. Arrows indicate the direction of migration. b) Average
long-term migration, Nm, estimated in MIGRATE-N. ¢) Means of the posterior
distributions of m, the average recent migration, calculated in the program BAYESASS.
These estimates represent the fraction of individuals in a given population that are
migrants from a source population. Values within the focal populations are the

proportions of individuals derived from the source populations. d) Capture-mark-
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recapture migration probabilities averaged over a 4 year study. Values within the focal

populations represent non-migration.
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APPENDIX E
Table 1.1: Characteristics of the 9 microsatellite loci across all 5 ponds in this study used
to determine population structure and estimate migration rates of marbled salamander
(Ambystoma opacum) populations in Virginia (USA) are shown. Repeat type refers to
whether the microsatellite was a dinucleotide (di) or tetranucleotide (tetra) repeat. He
refers to expected heterozygosity. H, refers to observed heterozygosity. # Locus had null
alleles. Corrected observed heterozygosity values calculated using adjusted genotypes for

loci that exhibited null alleles are reported in parentheses.

Annealing  Number of Allelic  Repeat

Locus temperature alleles range type He Ho
Aop?2 51.7°C 5 174-194 tetra 0.713 0.713
Aopb6 52.8°C 3 275-291 tetra 0.327 0.290
Aop7? 52.8°C 7 140-156 di 0.356  0.141 (0.239)
Aop31 56°C 23 140-240 tetra 0.886 0.734
Aop37 52.8°C 7 245-259 di 0.722 0.712
AjeD23 52.8°C 14 210-262 tetra 0.874 0.888
AjeD162 step-down 14 157-209 tetra 0.873 0.834
AjeD422%  step-down 17 231-303 tetra 0.857  0.378 (0.899)
AmaD328 56°C 11 309-349 tetra 0.887 0.890
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APPENDIX F
Table 1.2: Population statistics for all 5 ponds in this study are shown. N indicates the
number of samples included in the microsatellite genotyping for each population. He
refers to expected heterozygosity. H, refers to observed heterozygosity. * Corrected
observed heterozygosity values calculated using adjusted genotypes for loci that

exhibited null alleles are reported in parentheses.

Population N He Ho?

Oak Pond 50 0.730 0.603 (0.698)
Deep Pond 50 0.713 0.635 (0.708)
Pond Two 50 0.706 0.611 (0.665)
Mystery Pond 8 0.707 0.611 (0.688)
Pond Nine 33 0.727 0.638 (0.690)
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APPENDIX G
Table 1.3: Means of the posterior distributions of m, average recent migration, estimated
using genetic data are shown. Estimates were calculated in the program BAYESASS using
the 7 loci that did not exhibit null alleles. These estimates represent the proportions of
individuals in population j that were derived from population i in the past one to three
generations. Bold values along the diagonal are the proportions of individuals derived

from the source populations.

Population j
Population i Oak Pond Deep Pond Pond Two Mystery Pond  Pond Nine
Oak Pond 0.68 0.02 0.01 0.03 0.01
Deep Pond 0.02 0.68 0.01 0.03 0.01
Pond Two 0.28 0.28 0.97 0.22 0.28
Mystery Pond 0.01 0.01 0.00 0.70 0.01
Pond Nine 0.01 0.01 0.01 0.02 0.69
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APPENDIX H
Table 1.4: Within populations and total allele frequencies for all alleles for all 9 loci.

Frequencies were calculated in MIGRATE-N.

ALELLE FREQUENCY
LOCUS | ALELLE
Oak Deep Pond | Mystery | Pond ALL
Pond Pond Two Pond Nine

174 0.388 0.367 0.29 0.313 0.375 0.347
Aop2 182 0.276 0.296 0.41 0.438 0.266 0.337
186 0.061 0.082 0.06 0.063 0.109 0.075
190 0.255 0.214 0.24 0.188 0.25 0.229
194 0.02 0.041 0 0 0 0.012
275 0.23 0.188 0.198 0.188 0.188 0.198

Aopb 287 0.76 0.813 0.802 0.813 0.813 0.8
291 0.01 0 0 0 0 0.002
140 0.042 0.042 0 0 0 0.017
Aop7 146 0.042 0 0 0 0 0.008
148 0.014 0.014 0.025 0 0.018 0.014
150 0.056 0.042 0.113 0.143 0.105 0.092
152 0.803 0.789 0.762 0.857 0.702 0.783
154 0 0.028 0.05 0 0.053 0.026

156 0.042 0.085 0.05 0 0.123 0.06
140 0.13 0.115 0.09 0 0.063 0.079
Aop3l 144 0.14 0.219 0.3 0.125 0.141 0.185
148 0.18 0.229 0.15 0.438 0.25 0.249
152 0.07 0.063 0.13 0 0.125 0.077

156 0.01 0.031 0.01 0 0.047 0.02
160 0.04 0.021 0.07 0 0 0.026
164 0.02 0.042 0.01 0 0.016 0.017
168 0.01 0.01 0.01 0.125 0.031 0.037
176 0.01 0 0 0 0 0.002
180 0 0.01 0 0 0 0.002
184 0 0.021 0 0 0 0.004
188 0 0.01 0 0 0 0.002
192 0.03 0.01 0.02 0.063 0.047 0.034
196 0 0 0.01 0 0 0.002
200 0.11 0.042 0 0 0.016 0.033
204 0.05 0.042 0.06 0 0.125 0.055
208 0.07 0.031 0.02 0.063 0.031 0.043
212 0.02 0 0 0 0 0.004
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220 0.02 | 0021 0 0 0.016 | 0.011
228 0.01 0.01 0.03 | 0063 | 0.047 | 0.032
coﬁ?i?ile ] 232 0 0 0.01 0 0 0.002
236 001 | 0031 | 002 | 0125 | 0.016 | 0.04
240 0.07 | 0042 | 006 0 0.031 | 0.041
245 0.29 0.27 031 | 0375 | 0227 | 0294
Aop37 247 0 0.04 0.01 0 0.015 | 0.013
249 0.32 0.36 048 | 0.188 0.5 0.37
251 0.1 0.04 0.06 0 0.121 | 0.064
253 0 0.02 0.03 | 0063 | 0.015 | 0.026
257 0.04 0.04 0.01 0 0 0.018
259 0.25 0.23 0.1 0.375 | 0.121 | 0215
210 0031 | 007 0.02 0 0.016 | 0.027
AjeD23 214 0.153 | 031 017 | 0188 | 0113 | 0.187
218 0.153 | 0.15 0.17 | 0188 | 0.161 | 0.164
222 0173 | 013 0.16 025 | 0242 | 0.191
226 0122 | 0.7 012 | 0125 | 0081 | 0.104
230 0.102 | 007 0.09 0 0.129 | 0.078
234 0.082 | 003 0.07 | 0063 | 0081 | 0.065
238 0.071 | 0.04 0.1 0.125 | 0.145 | 0.096
242 0.061 | 007 0.07 | 0063 | 0.016 | 0.056
246 0.02 0.03 0.02 0 0 0.014
250 0.02 0.01 0.01 0 0 0.008
254 0 0 0 0 0.016 | 0.003
258 0 0.01 0 0 0 0.002
262 0.01 0.01 0 0 0 0.004
157 0 0.021 | 0.02 0 0.016 | 0.011
AjeD162 161 0.03 0.01 0.02 | 0.125 0 0.037
165 0.04 | 0063 | 002 | 0063 | 0.047 | 0.046
169 013 | 0094 | 0133 0 0.063 | 0.084
173 0.2 0.167 | 0.143 | 025 | 0234 | 0.199
177 024 | 0219 | 0214 | 0125 | 0.203 0.2
181 0.07 | 0094 | 0071 | 0.125 | 0.078 | 0.088
185 012 | 0167 | 0133 | 0125 | 0.141 | 0.137
189 0.05 | 0042 | 0122 | 0063 | 0.047 | 0.065
193 0.04 | 0.073 0 0.063 | 0.063 | 0.048
197 0.04 001 | 0.031 0 0.094 | 0.035
201 0.03 0.01 | 0.061 | 0.063 0 0.033
205 001 | 0021 | 0031 0 0.016 | 0.015
209 0 0.01 0 0 0 0.002
231 0.185 | 0371 | 0359 | 0.167 | 017 0.25
AjeD422 239 0 0 0.047 0 0.064 | 0.022
243 0 0.032 | 0.016 0 0.085 | 0.027
247 0.074 | 0.081 | 0.047 | 0.167 | 0128 | 0.099

100



251 0.056 | 0.032 0 0.167 0 0.051
255 0.056 | 0.032 | 0.031 0 0149 | 0.054

. 259 0222 | 0161 | 0203 | 0333 | 0191 | 0222
Cﬁfﬁ'ﬁ}ﬁ% 263 0.037 | 0016 | 0.031 | 0.167 0 0.05
267 013 | 0113 | 0.063 0 0 0.061

271 0.056 | 0.032 | 0.016 0 0.021 | 0.025

275 0.037 | 0.081 | 0.031 0 0.043 | 0.038

279 0074 | 0016 | 0.047 0 0.064 | 0.04

283 0.037 | 0.016 | 0.031 0 0.064 | 003

287 0.037 0 0.031 0 0 0.014

201 0 0.016 0 0 0 0.003

205 0 0 0.031 0 0 0.006

303 0 0 0.016 0 0.021 | 0.007

309 003 | 001 | 001 | 0063 0 0.022

AmaD328 [ 313 015 | 008 | 007 | 0063 | 0121 | 0097
317 008 | 007 | 009 0 0.091 | 0.066

321 007 | 013 | 011 | 0063 | 0227 | 012

325 009 | 011 | 008 | 025 | 003 | 0112

329 017 | 017 | 019 | 025 | 0061 | 0168

333 018 | 016 | 017 | 0125 | 0.06 | 0148

337 014 | 011 | 0.4 0 0.061 | 0.09

341 003 | 006 | 005 | 0125 | 0167 | 0.086

345 0.06 01 009 | 0063 | 0121 | 0.087

349 0 0 0 0 0.015 | 0.003

101



APPENDIX |

b
3 .
~

Figure 2.1: Infrared aerial photo of Maple Flats Sinkhole Pond Complex in Augusta
County, Virginia (U.S. Forest Service April 1998). Ponds appear as black, forest as
green, clearcut as mottled red, and agricultural fields and pasture as solid red or light

blue. This aerial photograph was geo-reference and screen-digitized to construct the

habitat map used in this study.
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APPENDIX J

Legend
- vernal pond clearcut

- forest - stream

least-cost path

Figure 2.2: Habitat maps showing dispersal routes between breeding ponds of marbled
salamanders in Maple Flats Sinkhole Pond Complex calculated using least-cost path
analysis. Ponds from the analyses depicted in this map included Oak Pond (OP), Deep
Pond (DP), Pond Two (P2), Pond 19 (P19), Mystery Pond (MP), Kennedy Mountain
Meadows (KM), Spring Pond (SP), Twin Pond (TP), Pond 14 (P14), Pond 5 (P5) and
Pond 4 (P4). Dispersal maps were constructed on two different sets of habitat costs
derived from a) field estimates of migration, and b) genetic estimates of migration. A

subset of the total paths is presented here.
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APPENDIX K
Table 2.1: Relative costs assigned to the different habitats based on field and genetic
estimates of migration. Field data indicated migration through clearcut was 2.3 times
more costly than through forest. Genetic data revealed that movement through forest was

1.2 times more costly than movement through clearcut.

Habitat Cost based on field data Cost based on genetic data
Pond Border 100 120
Forest 100 120
Clearcut 230 100
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APPENDIX L
Table 2.2: Descriptive measures of the least-cost paths constructed from field data and genetic data. Habitat refers to whether the
habitat type between pairs of ponds consisted solely of forest, solely of clearcut, or both clearcut and forest (cl+for). Elevation data
was collected for each pond in a given path, where pond ‘x’ represents the first pond in the path name and pond ‘y’ represents the
second pond. Cost length refers to the total length of the least-cost path. Euclidean length refers to the total length of the straight
distance between ponds measured from the origin and destination points of the respective least-cost path. Direction refers to the mean
angle of the least-cost path. Sinuosity is a measure of the complexity of the least-cost path and is equal to the Euclidean length divided

by cost length. “These paths were used in the statistical analyses. "These paths were overlaid on a habitat map for visual analyses.

Elevation Cost Length Euclidean Distance Direction
Path Habitat (meters) (meters) (meters) (degrees) Sinuosity
Pond ‘x> Pond ‘y’ Field Genetic Field Genetic Field Genetic Field Genetic
P19-MP™" | cl+for 479 486 366 318 327 318 25 315 0.89 1
MP-P14"f cl+for 485 470 519 503 474 475 73 231 0.91 0.94
MP-DP" cl+for 485 484 287 287 271 271 343 321 0.94 0.94
KM-SP™t cl+for 471 471 289 274 275 257 343 349 0.95 0.94
DP-OP™ cl+for 483 474 385 355 361 355 1 0 0.94 1
OP-P5’" cl+for 472 468 331 274 289 258 38 240 0.87 0.94
OP-SP™ cl+for 473 469 380 283 375 254 7 10 0.99 0.90
TP-P4’ cl+for 472 466 366 275 314 270 62 70 0.86 0.98
TP-P5 cl+for 472 468 188 188 181 178 20 20 0.96 0.95
P2-KM” cl+for 486 472 999 933 898 870 12 9 0.90 0.93
DP-P5” cl+for 485 468 741 586 594 549 59 15 0.80 0.94
P2-MP” cl+for 486 486 719 557 595 556 22 22 0.83 1
P2-P4" cl+for 485 466 859 795 771 743 30 75 0.90 0.93
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Table 2.2 continued

Elevation Cost Length Euclidean Distance Direction Sinuosity
Path Habitat (meters) (meters) (meters) (degrees)
Pond ‘x> Pond ‘y’ Field Genetic Field Genetic Field Genetic Field Genetic

P4-KM” cl+for 465 471 712 697 658 659 352 353 0.92 0.94
DP-P2" clearcut 486 487 298 256 275 239 327 306 0.92 0.93
P2-OP"" forest 484 474 330 330 330 330 22 45 1 1

MP-KM forest 485 473 391 392 387 386 89 88 0.99 0.98
TP-SP forest 472 469 148 148 146 146 86 86 0.99 0.98
DP-SP forest 485 471 432 427 406 401 77 77 0.94 0.94
KM-P19 forest 473 479 332 332 319 319 17 17 0.96 0.96
OP-TP forest 473 473 121 121 118 116 20 20 0.97 0.96
MP-TP forest 485 474 440 445 440 440 0 0 1 0.99
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APPENDIX M
Table 2.3: Paired two-tailed t-test results. Least-cost paths through forest habitat were
excluded in the statistical analyses, since we expected these paths to be equivalent both

within (when compared to Euclidean distance) and between dispersal maps. *Indicates

significant.
Comparison t- statistic p- value
Cost-length versus Euclidean distance (field 4.60 <0.001*
dispersal map)
Cost-length versus Euclidean distance 4.42 <0.001*
(genetic dispersal map)
Cost-length between dispersal maps 4.35 <0.001*
Sinuosity between dispersal maps -2.49 0.03*
Direction between dispersal maps -1.68 0.12
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